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Abstract
Spatial and Temporal Variability of Trace Metal Concentrations and Speciation in Connecticut
Surface Waters
Zhemin Xuan
2021
In this research, two studies were conducted to investigate the spatial distribution and
seasonal variation of trace metal concentrations and speciation in Connecticut surface waters. In
the first part, along with the monthly vertical profile of background biogeochemistry parameters
(pH, Temperature, Dissolved oxygen, Major ions, Total dissolved solids, Nutrients, Acid
neutralizing capacity, dissolved organic carbon), competitive ligand exchange – adsorptive
cathodic stripping voltammetry was used to determine cobalt speciation in Linsley Pond, North
Branford. Vitamin B12 (VB12) via enzyme-linked immunosorbent assay (ELISA) was measured
in an American stratified lake for the very first time. During summer stratification, the patterns
of Co and Mn are similar, very low in surface water, and reach the highest concentration across
the redoxcline caused by the bacterial activity of PSB. The different patterns of Co in the
hypolimnion between 2017 and 2018 are caused by the formation of CoS. Higher epilimnetic
particulate Co is observed in July and August, corresponding to the highest DO and DOC,
respectively, indicating that cobalt is closely related to the photosynthesis of phytoplankton, the
metabolism of organisms. Total dissolved Co was dominated by its natural organic ligand
complex. The measured VB12 ranged from 0.033 – 0.048 nM, comparable to [Co2+] detected in
freshwater systems.

In the second part, an estuary with self-regulating tide gates (SRTGs) installed was
studied about the combination of watershed flood flow and tidal flushing impact at both short
and long time scales. The cycling of particle-reactive contaminants represented by the metals
was studied over the course of several tidal cycles during both baseflow and storm event
conditions. TSS and turbidity were highly correlated at the inlet but not consistently at the tide
gates. In contrast, at the tide gates, TSS was dominantly affected by tides unless extreme storms.
Cobalt and 7Be budgets over one tidal cycle were determined. Cobalt was mostly in the
dissolved form at the tide gates and the inlet, under baseflow conditions. However, particulate
Co became the dominant component of total Co at the inlet during storm events, contributed by
sediments delivered from the watershed. According to the 7Be mass balance over a tidal cycle,
perhaps owing to the large ratio of its watershed to estuary, most of the 7Be (86%) enters the
West River estuary from its watershed. Direct atmospheric deposition is a significant but lesser
source. In addition to 3% decay in the water column, only 1.5% of 7Be is gained from Long
Island Sound via tidal flushing. More than 40% of added 7Be is deposited in sediments within
the estuary during a single tidal cycle, meanwhile, Co received from the watershed (ca. 60 g) is
approximately equal to the net loss of Co by the tidal exchange. The West River estuary is a
tight trap for contaminants that behave like Be, but not for Co or probably other substances that
are not strongly particle reactive as well.
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the first part, along with the monthly vertical profile of background biogeochemistry parameters
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cathodic stripping voltammetry was used to determine cobalt speciation in Linsley Pond, North
Branford. Vitamin B12 (VB12) via enzyme-linked immunosorbent assay (ELISA) was measured
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the redoxcline caused by the bacterial activity of PSB. The different patterns of Co in the
hypolimnion between 2017 and 2018 are caused by the formation of CoS. Higher epilimnetic
particulate Co is observed in July and August, corresponding to the highest DO and DOC,
respectively, indicating that cobalt is closely related to the photosynthesis of phytoplankton, the
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complex. The measured VB12 ranged from 0.033 – 0.048 nM, comparable to [Co2+] detected in
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In the second part, an estuary with self-regulating tide gates (SRTGs) installed was
studied about the combination of watershed flood flow and tidal flushing impact at both short
and long time scales. The cycling of particle-reactive contaminants represented by the metals
was studied over the course of several tidal cycles during both baseflow and storm event
conditions. TSS and turbidity were highly correlated at the inlet but not consistently at the tide
gates. In contrast, at the tide gates, TSS was dominantly affected by tides unless extreme storms.
Cobalt and 7Be budgets over one tidal cycle were determined. Cobalt was mostly in the dissolved
form at the tide gates and the inlet, under baseflow conditions. However, particulate Co became
the dominant component of total Co at the inlet during storm events, contributed by sediments
delivered from the watershed. According to the 7Be mass balance over a tidal cycle, perhaps
owing to the large ratio of its watershed to estuary, most of the 7Be (86%) enters the West River
estuary from its watershed. Direct atmospheric deposition is a significant but lesser source. In
addition to 3% decay in the water column, only 1.5% of 7Be is gained from Long Island Sound
via tidal flushing. More than 40% of added 7Be is deposited in sediments within the estuary
during a single tidal cycle, meanwhile, Co received from the watershed (ca. 60 g) is
approximately equal to the net loss of Co by the tidal exchange. The West River estuary is a tight
trap for contaminants that behave like Be, but not for Co or probably other substances that are
not strongly particle reactive as well.
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CHAPTER 1 INTRODUCTION
1.1 Overview of Trace Metals
Trace metals are crucial components of global ecosystems, present at very low levels in the
environment. Although some of them are considered as micronutrients by plants and animals, they
become toxic when their free ion forms are at high concentrations. According to the free ion activity
model (Paquin et al. 2002), the bioavailability and toxicity of trace metals depend on the metal
speciation. Anthropogenic input of trace metals raises metal levels and can alter metal speciation in
natural waters, which poses potential environmental risks to the aquatic system and health risks to
human beings. Trace metals are naturally occurring elements in the earth’s crust. They have high
environmental mobility and can originate from both natural and anthropogenic sources. In addition
to weathering and volcanic eruptions, which contribute to metal pollution from natural sources, most
metal-related environmental contamination is caused by anthropogenic activities. The exponential
growth of their agriculture, industry, and environment applications leads to an intense increase in
human exposure and further enhances global public health and ecological concerns. Unlike organic
pollutants, heavy metal pollutants cannot be decomposed by microorganisms but gradually
accumulated in organisms through the food chain after it flows into the water. However, after the
accumulation, trace-level heavy metals will produce toxic effects on humans, animals, and plants.
Besides, toxicity has a continuous and amplifying effect, reaching thousands of times in organisms'
bodies after biological accumulation, especially in certain parts of the human body, and eventually
leads to human poisoning and even cancer.
For instance, arsenic and lead have been attracted considerable attention worldwide due to their
link to the risk of cancer. Hexavalent chromium is highly toxic; this global problem is of public
health significance. Some metals are present at very low levels for living organisms as
1

micronutrients and become toxic when their free ion forms are at high concentrations, such as copper
and zinc. Given sufficient exposure, they can also display severe and chronic health effects. As a
response to this, the regulation of drinking water standard is getting more stringent. Below are the
drinking water standards for selected metals from EPA and WHO (Table 1.1). Although a lot of
metal pollutions have received collective recognition and effectively controlled, millions of people
are compelled to use drinking water with higher metal levels than EPA or MCL standards
worldwide.
Table 1.1 EPA and WHO drinking water standards for selected metals (unit: mg·L-1)
Contaminant

EPA Primary
Drinking Water
Standards, MCL*

EPA Secondary
Drinking Water
Standards

Arsenic

0.010

0.01

Chromium (total)

0.1

0.05

Copper

1.3

Lead

0.015

1.0

WHO Guidelines for
Drinking Water
Quality (2011)

2
0.01

5

Zinc

*Maximum Contaminant Level (MCL) - The highest level allowed in drinking water. MCLs are
enforceable standards.

2

1.2 Health Effect of Trace Metals
1.2.1 Arsenic
Arsenic is a ubiquitous heavy metal in the earth's crust, widely distributed throughout the
environment (air, water, and land). The metallic arsenic was reportedly obtained by the Greek
alchemist Olympiodorus by roasting one of its sulfides (Smith et al. 1992). After entering into the
body through ingestion, inhalation, or dermal absorption, arsenic could be distributed in different
organs, including the lungs, liver, kidney, etc. Initial acute arsenic poisoning symptoms include
vomiting, abdominal pain, and severe diarrhea, followed by excessive salivation, and death in
extreme cases (Ratnaike 2003). Inorganic arsenic, which is extremely toxic, can cause both acute and
chronic health effects (Saha et al. 1999). Inorganic arsenic species can be biomethylated to
monomethylarsonic acid (MMA) and dimethylarsinic acid (DMA) after entering into the body as the
major metabolic pathway. As the end products, MMA (V) and DMA (V) are less toxic and excreted
rapidly from the body via urine (Singh et al. 2007). However, the intermediate product
monomethylarsonic acid MMA (III) in the two-step methylation process, between MMA (V) and
DMA (V), is more toxic than other arsenicals and cause arsenic-induced carcinogenesis and other
effects (Styblo et al. 2000), leading to the order of toxicity of arsenicals (Singh et al. 2007):
MMA (lll) > Arsenite (lll) > Arsenate (V) > MMA (V) = DMA (V)
The first step of methylation of inorganic arsenic to monomethylated arsenic (MMA) has been
proved as an activation step by more epidemiological evidence than the first step in detoxification
(Smith and Steinmaus 2009).
Long-term exposure to high concentrations of inorganic arsenic can cause dermatosis, e.g., the
prevalence of melanosis and hyperkeratosis in the skin followed by skin cancer. Besides skin cancer,
long-term exposure to arsenic may also cause bladder cancer and lung cancer (Saha et al. 1999).
Cardiovascular diseases due to arsenicism include but are not limited to “Blackfoot disease” (Tseng
3

1977) and Raynaud’s disease. A detailed summary of the evidence was present by the National
Research Council discussed arsenic exposure effects associated with internal cancer (National
Research Council 1999). Arsenic is also associated with adverse pregnancy outcomes and infant
mortality, affecting children's health. There is also evidence that it harms cognitive development
(Vahter 2008).
Because drinking water is the main route of exposure to arsenic, the United States Public Health
Service (USPHS) issued a maximum contaminant level (MCL) of 50 µg As/l in drinking water
standard in 1942. In 1984, the U.S. Environmental Protection Agency (EPA) classified arsenic as a
class A human carcinogen. Arsenic is one of the ten chemicals listed by WHO that are of major
public health concern. WHO has published a guideline value as a basis for developing regulations
and standards around the world. The recommended limit of arsenic in drinking water is 10 μg·L-1
(World Health Organization 1993). The International Agency for Research on Cancer (IARC)
classifies arsenic and arsenic compounds as human carcinogens. However, a number of analyses
suggested that such a standard was not sufficient to protect public health (Morales et al. 2000). The
lifetime risk of death from cancer of the liver, lung, kidney, or bladder for a daily water consumption
rate of 1 L water was derived in 1992 (Smith et al. 1992), yielding an estimate of 13 per 1000
persons on average. Moreover, according to the estimation, more than 350,000 people in the United
States used the drinking water with higher arsenic levels than the standard, while more than 2.5
million people drank water with levels above 25 µg·L-1 (Smith et al. 1992). Given the substantially
increased risk of cancer, US EPA lowered the drinking water standard for arsenic from 50 µg·L-1 to
10 µg·L-1 (U.S. Environmental Protection Agency 2001). After the US Environmental Protection
Agency set a new MCL for arsenic in drinking water, the population exposed to excess arsenic
concentrations was soon re-estimated. The drinking water of 33 counties in 11 states was identified
with an estimated average arsenic concentration of 10 µg·L-1 or greater (Frost et al. 2003). As a
4

result, the population in those 33 counties with elevated arsenic exposure was suggested to determine
the arsenic-related health effects. Table 2 demonstrates the timeline of U.S. Standards for arsenic in
drinking water.
Table 1.2 History of U.S. Standards for arsenic in drinking water (Smith et al. 2002)
1942

USPHS set a drinking water standard of 50 µg As/liter

1962

USPHS identified 10 µg As/liter as the goal

1975

EPA adopted the interim standard of 50 µg As/liter set by the
USPHS in 1942

2001

EPA announced it would adopt the standard of 10 µg/liter

2002

The effective date for a new standard of 10 µg As/liter

2006

The compliance date for the new arsenic standard

1.2.2 Chromium
Chromium is a metal element often present in two stable states of oxidation, i.e., chromium (III)
and chromium (VI). Cr (VI) is highly toxic, and Cr (III), 100 times less toxic than Cr (VI), is an
essential nutrient in most foods and nutrient supplements (Cefalu and Hu 2004). These two kinds of
chromium oxidation in nature and the human body convert mutually, depending on the external
conditions. The acidic environment with high organic content can promote the reduction of Cr (VI)
to Cr (III). Conversely, the process of forming Cr (VI) from Cr (III) also occurs, especially in the
presence of common minerals containing Mn (IV) oxide (Zhitkovich 2011). In 1991 the EPA
announced that the total chromium content in the US tap water should not exceed 100 μg·L-1. The
World Health Organization (WHO) stipulated that the total chromium concentration should not
exceed 50 μg·L-1. Hexavalent chromium is classified as a known carcinogen via inhalation, and
drinking water with Cr(VI) contamination led to tumors in the alimentary tract in the mouse
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(Zhitkovich 2011). However, limited epidemiological evidence suggested that Cr (VI) ingestion
increases the risk of stomach cancers. Its human health hazard, when orally ingested, remained some
degree of uncertainty—an ecological mortality study conducted within the Oinofita region of Greece
(Linos et al. 2011). Gender, age, and period standardized mortality ratios (SMRs) were calculated for
deaths associated with hexavalent chromium contamination. Among a total of 474 deaths observed,
the SMRs for primary liver cancer, lung cancer, and kidney reached statistical significance,
reinforcing the hypothesis of hexavalent chromium carcinogenicity when orally ingested. Other
studies found that the stomach's reductive capacity is not inhibited by oral exposure to water with
concentrations of Cr(VI) up to 10 mg·L-1. Exposure to Cr(VI) in tap water at a level as high as
several parts per million would not pose an acute or chronic adverse health effect on humans
(Paustenbach et al. 2003).

1.2.3 Copper
Copper is an indispensable micronutrient for human health and has an essential impact on the
development and function of blood, central nervous system, immune system, hair, skin, bone tissue,
brain, liver, and heart. However, at the same time, an excess concentration of copper may be toxic to
cell membranes, DNA, and proteins. The dose-response curve of copper is roughly U-shaped.
Menkes disease, an X-linked syndrome due to copper deficiency with an approximately 1/200,000
live births frequency, was described in 1962. It is fatal in early childhood and causes severe
neurological abnormalities (Kaler 1994). On the other hand, copper was identified as the disease’s
toxin for Wilson disease patients with accumulated copper in their brains and livers (Cumings 1948).
Thus, the relationship between Cu intake, Cu balance, and health remains controversial. A study was
conducted to examine the association of Cu intake to potential biomarkers (Bost et al. 2016). Results
reported that net gains were repeatedly observed over 2.4 mg/day, while daily intakes lower than 0.8
mg/day can cause net Cu losses. Existing observation and results did not confirm a relationship
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between Cu and risk of cardiovascular disease, cognitive decline or cancer if intakes ranged from 0.6
to 3 mg/day.
Knowledge of the effects of long-term exposure to excess copper on human health is not
sufficient yet. A form of liver cirrhosis in childhood, non-Indian childhood cirrhosis (NICC), is
closely related to copper in drinking water. Similar epidemiological studies regarding the relevance
of liver damage in early childhood to infants’ increased dietary copper were examined in southern
Lower Saxony (Zietz et al. 2003a), and Berlin, Germany (Zietz et al. 2003b). Water samples from
1674 households and 2944 households with infants were tested for copper, respectively. The babies
under examination, fed with food prepared using tap water with elevated concentrations of copper,
did not show any signs of abnormal liver function in either study.

1.2.4 Lead
Lead is a toxic heavy metal that is extremely harmful to the human body. Exposure to and uptake
of this hazardous element was remarkably increased due to the growing commercial use of lead
(Tong et al. 2000). After entering the body, lead and its compounds are distributed in the nerve,
hematopoietic, digestive, kidney, cardiovascular and endocrine, and other systems. If the content is
too high, it leads to lead poisoning. Apart from a small portion excreted with body metabolism, the
rest of the lead will accumulate in the body. At present, exposure is mainly through food, drinking
water, air, etc. with lead contamination (Lidsky and Schneider 2003). For adults, the lead invasion
will destroy the nervous system, digestive system, and affect the skeletal hematopoietic function, and
then people appear dizziness, fatigue, insomnia, anemia, low immunity, abdominal pain,
constipation, limb pain, and other symptoms. Arteriosclerosis, gastrointestinal ulcers, and other
symptoms are also associated with lead pollution. Because the brain is developing and the nervous
system is in a sensitive period, young children are more vulnerable to lead exposure under the same
conditions. Symptoms of children lead poisoning include developmental delay, loss of appetite,
7

insomnia, and constipation. They are also accompanied by hyperactivity, hearing impairment, and
mental retardation. Moreover, severe poisoning causes brain tissue damage, leading to life-long
disability. Although blood-lead levels among the U.S. population have been effectively controlled, it
is necessary to focus on the long-term effects lead may cause adults and children (Juberg et al. 1997).

1.2.5 Zinc
Zinc is one of the most important trace mineral nutrients, indispensable to growth and
reproduction in humans and other organisms. Compared to other trace metal ions, zinc is relatively
much less toxic (Plum et al. 2010). Zinc deficiency has been recognized as a global public health
problem, especially in developing countries, and has been extensively studied. (Boreiko 2010). More
comprehensive zinc applications in commercial products and industry raise human exposure
opportunities and cause consequential adverse health effects.
Besides acute poisoning, long-term, high-dose zinc uptake inhibits copper ingestion (i.e.,
Wilson’s disease). Therefore, its toxic effects are partially caused by copper deficiency. Zinc also
plays a vital role in chronic neurological disorders (Chasapis et al. 2012), such as diabetes,
depression, aging, and cancer. For instance, Cu and Zn are enriched in the neocortex in Alzheimer’s
disease, especially in amyloid plaques (Lovell et al. 1998).
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1.3 Anthropogenic Influence on Trace Metals in Freshwaters
1.3.1 Arsenic
Natural waters have a broad range, i.e., more than four orders of magnitude, of As
concentrations, ranging from less than 0.5 μg·L-1 to more than 5000 μg·L-1. (Smedley and
Kinniburgh 2002). A pH above 8.5 or a strongly reducing condition can trigger high dissolved
arsenic in natural waters. Exposure to arsenic contamination may be caused by natural geological
sources leaching into aquifers, becoming a primary source of arsenic in drinking water. The elevated
concentrations of arsenic in natural waters are also from human-made sources, such as mineral
extraction, glass processing, agricultural pesticides, etc. For example, arsenic acid was used to
desiccate cotton in Texas (Richardson et al. 1978). The dissolved arsenic concentration in the surface
runoff water could reach the level of hundreds of ppb in the first flush.
The concentrations are less than 10 μg·L-1 in typical freshwater, rarely much higher in
groundwater. In some countries, including Argentina, Bangladesh, Chile, China (Province of
Taiwan and Xinjiang), India, Mexico, and the United States, groundwater naturally contains high
inorganic arsenic concentrations. High concentrations of phosphate, bicarbonate, silicate, and/or
organic matter potentially promote arsenic solubility in the groundwaters (Nordstrom 2002). Given
the increased reliance on groundwater resources as drinking water sources due to a shortage of
sanitary surface water supply in many regions of the world, arsenic ingestion reduction is crucial for
community health and safety.

1.3.2 Chromium
Chromium is widely used in industry and military operations, including plating, painting,
cooling-tower water, and chromate production. Hexavalent chromium Cr (VI) has been found in
groundwater in the United States (Paustenbach et al. 2003). Since Cr is extensively present in welded
9

metal plating on cars, brakes, and wear and tear of engines, elevated Cr concentrations are often seen
in highway stormwater runoff from urban areas (Gobel et al. 2007).
A study was conducted to assess relationships between annual average daily traffic and pollutant
concentrations of stormwater runoff generated from the California Department of Transportation
sites. According to the four-year (1997-2001) analyses, dissolved Cr concentration of runoff from
urban highways was higher than those found from nonurban highways, ranging from 0.6 to 22 µg·L-1
(Kayhanian et al. 2003).
Cement was found as the dissolved chromium source in leachate from pavement surfacing
materials (Kayhanian et al. 2009). A higher concentration of Cr was detected in early-time leachate
samples and then dropped to below or close to the reporting limit. The concentration of total Cr
ranged from 124 to 641 µg·L-1 among leachate of different cement. As a result, the dissolved Cr that
contributed to roadway runoff from concrete pavement materials could be reduced through source
control. Most roadway runoff pollutants were instead produced from other road-use or land-use
sources, or atmospheric deposition.

1.3.3 Copper
Elevated copper concentrations are regularly observed in surface urban waters where potential
copper toxicity is most likely to occur (Stern 2010). Highway stormwater runoff is a major source of
dissolved copper in surface waters (Kayhanian et al. 2003).
Stormwater samples were collected between March 2008 and October 2009 in Oregon to identify
the factors influencing dissolved copper concentrations in highway stormwater runoff (Nason et al.
2012a). In general, first-flush samples of runoff from urban/high traffic sites had higher copper
concentrations. Only the correlation between dissolved organic carbon (DOC) and dissolved copper
was verified by multiple linear regression modeling, although increased dissolved copper
concentrations were found positively correlated with DOC as well as alkalinity. Principal component
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analysis based on aquatic parameters, such as pH, total alkalinity, dissolved chloride, DOC, and TSS,
was used to identify copper sources in Bazil's two urban rivers (Sodre et al. 2005). The results
revealed that non-point sources influence copper discharges clearly during the rainy season.
Stormwater surface runoff is concluded to be the primary source of copper.
Dissolved copper also contributes to aquatic toxicity (Kayhanian et al. 2008). An ecological risk
assessment was carried out to illustrate the risk of copper and cadmium exposure in the Chesapeake
Bay watershed using eleven-year (1985-1996) data of dissolved copper and cadmium exposure from
102 stations in 18 basins in the Chesapeake Bay watershed (Hall et al. 1998). The 10th percentile
regarding acute copper toxicity for all species was derived as 8.3 µg·L-1, and 6.3 µg·L-1 in freshwater
and saltwater, respectively. Biotic ligand models (BLMs) have been broadly accepted and used to
conduct a bioavailability-related ecological risk assessment of heavy metals (Han et al. 2016;
Hayashi 2013).
BLM was utilized to evaluate the ability of two conventional bioretention practices, planter
boxes and swales, to reduce the toxicity of sheet copper (Cu) roofing runoff to Daphnia Magna
(Labarre et al. 2017). It was compared with laboratory toxicity tests performed using storm samples
with D. Magna cultured under low ionic strength conditions. Both BLM results and the stormwater
bioassays suggest both planter boxes and swales can reduce copper bioavailability and then decrease
the toxicity of Cu roof runoff.

1.3.4 Lead
Lead is a naturally occurring toxic metal in the Earth’s crust. It has been long used by humankind
for over 5000 years (Barltrop 1979), and has become widely distributed and mobilized in the
environment from both natural and anthropogenic sources. Exposure to this trace element has
consequently increased (Tong et al. 2000). Lead concentrations in urban stormwater ranged from 0
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to 1.9 mg·L-1 (Wanielista et al. 1977), while those in rainwater from nonpolluted areas across
Canada varied from <0.001 to 0.070 mg·L-1 (Demayo et al. 1982).
Sources of automotive lead cause contamination of surface water. Much interest has recently
been expressed in the solubility of trace metals, notably lead in urban stormwater. Heavy metals may
eventually contaminate drinking water supplies. The amount of lead present in gasoline is
approximately 0.5 g·L-1 and is in automobile exhaust emission at a rate of 0.06 to 0.2 g/km (Solomon
et al. 1977). Combustion of lead-containing gasoline by motor vehicles leads to increased lead levels
in roadside ecosystems, whose size is approximately 3.04·107 hectares in the United States.
Atmospheric lead contents in a roadside ecosystem could be 2-20 times higher than those in a nonroadside ecosystem (Smith 1976).
Two sources of lead were characterized and validated from homes with lead service lines: (1)
corrosion of lead-bearing elements in the premise plumbing, whose concentrations were mostly
lower than 3 mg·L-1 with some sporadic higher spikes; (2) adsorption of dissolved lead onto iron
deposits, resulting in a considerable particulate lead introduction in tap waters (Deshommes et al.
2010). A Pb-isotope study testing residential tap waters in the municipal supply system of City
Columbus (Ohio, USA) revealed that Pb's dominant sources were from domestic plumbing,
particularly from solder joints (Cheng and Foland 2005).

1.3.5 Zinc
Zinc concentrations were reported ranging from less than 0.001 mg·L-1 to approximately 3.0
mg·L-1 in about 12,000 river water samples, and from less than 0.001 mg·L-1 to 1.0 mg·L-1 in
approximately 1400 lake samples, collected in Canada between 1972 and 1977. Over 1,000 surface
water samples were collected to test zinc in the U.S. between 1962 and 1967, ranging from 0.002 to
1.183 mg·L-1 (Kopp and Kroner 1968). Estimated annual zinc input to the environment comprises
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725 thousand tonnes/yr from geological weathering and 25 thousand tonnes/yr from erosion, as main
natural input as well as 414 thousand tonnes/yr from anthropogenic sources (Taylor et al. 1982).
Some studies have reported the adverse effects of elevated Zn concentrations on aquatic
organisms in natural water systems. A toxicity study was conducted to determine the adverse effects
of Zn contamination on natural phytoplankton from Lake Ontario as well as freshwater algal species
(Wong and Chau 1990). The results indicated that a level of 30 μg Zn/l, described as the
International Joint Commission water quality objective, was toxic to primary productivity and cell
multiplication. Zn's toxicity relied on its anionic forms, among which nitrate showed the highest
toxicity, followed by chloride, sulfate, and acetate. An acute toxicity test for juvenile rainbow trout
was conducted by sampling stormwater runoff from three sawmills in Vancouver Island BC (Bailey
et al. 1999). Toxicity was detected in 26 of the 27 samples. Divalent cations, particularly zinc,
caused the toxicity in 24 of these samples. Zinc toxicity exhibited a strong correlation with hardness,
with a range of LC(50)s of 72-272 μg·L-1 corresponding to hardnesses of 9-100 mg·L-1. In a toxicity
identification study, thousands of cylinders stored with depleted uranium hexafluoride were painted
to avoid corrosion and release uranium hexafluoride (Kszos et al. 2004). Since the toxicity of
stormwater runoff from the concrete cylinder storage yards to Ceriodaphnia was found in 1998,
Ceriodaphnia toxicity tests were conducted to search for the toxicity source in the runoff. The zinc
concentrations in the stormwater tested had a range of 0.08 to 0.54 mg·L-1, which was high enough
to form the toxicity based on acute toxicity tests and linear regression, leading to 48-h median lethal
concentrations (LC50) ranging from 12 to 94%. Zn concentration in rainwater directly from the
painted cylinders reached as high as 13 mg·L-1, which implied that the painted cylinders were the
source of toxicity to Ceriodaphnia.
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1.4 Overview of Cobalt
Cobalt is a shiny silver-gray metal with a melting point of 1495 °C and a boiling point of
2870 °C. Cobalt is relatively stable in the air at normal temperatures. Above 300 °C, cobalt begins to
oxidize in the air. VB12 (C63H88CoN14O14P), also called cobalamin, is the only vitamin-containing
metal element. Cobalt has an essential relationship with VB12 because it is a component of VB12, and
its physiological function cannot be achieved without the support of VB12. First, it needs to
synthesize VB12 and then exert its hematopoiesis function; it has a specific effect on the metabolism
of proteins; it can also promote some enzyme synthesis and enhance its activity. VB12, which is
hardly contained in plant foods, is the most vitamin deficient for vegetarians. Cobalt is an
indispensable element for the formation of red blood cells, and it is also one of the critical elements
for maintaining the health of human nerve cells. If the intake is insufficient for a long time, it can
lead to pernicious anemia or various neurological and mental disorders. High concentrations of
cobalt in water can cause serious health problems such as low blood pressure, paralysis, diarrhea,
and bone defects, as well as genetic mutations in living cells. Also, radioactive cobalt-60 is a critical
nuclear pollutant.
In the 20th century, cobalt and its alloys were widely used in industrial sectors such as electrical
machinery, chemical industry, aviation, and aerospace, and became an important strategic metal.
Along with the rapid development of new energy vehicles, the new energy vehicle industry has
driven strong demand for power batteries and raw materials for battery production. The market
demand for nickel-cobalt-manganese, which is the main raw material for ternary batteries, is bound
to increase substantially, especially for the scarce resource cobalt.

14

1.4.1 Dissolved Co level in rivers
Typical dissolved Co occurs at levels below 1 nM in unpolluted rivers (Neal and Robson 2000).
For instance, the concentration and seasonal patterns of trace elements were studied for Cayuga Lake
waters and its 12 tributary streams in a rural area. The mean concentration of soluble Co among the
streams ranged from 0.03 µg·L-1 to 0.06 µg·L-1 with increases parallel to increases in stream water
temperature with sampling date from March through June (Kubota et al. 1974). Slightly above 1 nM
of dissolved Co level was observed in rivers with developed watersheds (Quemerais et al. 1996; Sigg
et al. 2000; Tovar-Sanchez et al. 2004; Wen et al. 1999). Dissolved Co levels can reach much higher
levels in acidified systems or ones receiving mine drainage. In 1962–1967, cobalt was detected in
<3% of all 1577 surface water samples in the United States, ranging from 1 µg·L-1 (i.e., detection
limit) to a maximum level of 48 µg·L-1 (Kopp and Kroner 1968). Most of the top 10% highest
detection occurred in the Ohio River Basin, with a mean concentration of 19 µg·L-1, which was
believed to be caused by acid mine drainage in the Pittsburgh area. United States Geological Survey
reported mean and median cobalt levels of 2.9 and 2.0 µg·L-1, respectively, for water samples from
6805 ambient surface water stations (Eckel and Jacob 1988). In UK rivers, 0.56 µg·L-1 dissolved Co
and 0.39 µg·L-1 particulate Co was reported in River Wear (Neal and Robson 2000). Average annual
0.1 µg·L-1 dissolved Co was measured in Upper Swale, a mineralized rural catchment, while that in
Calder, an industrialized urban catchment, was 1.1 µg·L-1 (Neal et al. 1996).

1.4.2 Dissolved Co level in seawater
Dissolved Co concentrations in seawater were also reported well below 1 µg·L-1 (Johnson et al.
1988). Water samples were collected to determine dissolved cadmium, cobalt, nickel, and zinc
concentrations in continental shelf waters of southern South Carolina, Georgia, and northern Florida
during late December, January, and early February 1970-1971. The average cobalt concentration of
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10 samples collected in the south area was 0.06 µg·L-1, compared to 0.17 µg·L-1, the average of 20
samples collected in the north area, which receives continental runoff and then shows higher trace
metal level than the south area (Windom and Smith 1972). Mean cobalt levels in seawater were
reported as 0.078 µg·L-1 in the Caribbean Sea and 0.17–0.39 µg·L-1 in the Indian Ocean (Hamilton,
1994).

1.4.3 Dissolved Co level in clean lakes
In clean lakes, Co is generally below 1 nM, sometimes well below (Gassama et al. 1994). Co
concentration in the epilimnion was close to the detection limit (i.e., 1·10-10M). The soluble Co
concentration in water of Cayuga Lake ranged from 0.01 µg·L-1 to 0.09 µg·L-1 from June through
August, with a mean concentration of 0.02 µg·L-1 (Kubota et al. 1974). In Lake Sammamish,
Washington dissolved Co inventories were considerably higher in the hypolimnion than those in the
epilimnion (Balistrieri et al. 1992). The relatively low dissolved Co inventories were reported in the
bottom waters within the range from only 0.005 to 0.2 mmol when oxic, and much higher when
suboxic and anoxic ranging from 0.07 to 0.16 mmol. The seasonal patterns of dissolved Co and
dissolved Mn in the lake were very similar. Particulate Co concentrations ranged from 0.01 to 1.04
nmol kg-1 throughout the year, much lower than dissolved Co concentrations with the range of 0.01
to 5.9 nmol kg-1.
The geochemical cycling of trace elements was evaluated in Hall Lake, Washington, USA, which
was a meromictic lake with distinct oxic, suboxic, and anoxic layers from top to bottom (Balistrieri
et al. 1994). Dissolved Co concentrations elevated across both the oxic-suboxic boundary and the
suboxic-anoxic boundary. Ranging from 0.72 to 50 nM, dissolved Co concentrations presented a
good correlation with dissolved Mn (r2 = 0.91).
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In summary, the dissolved Co level in clean lakes is generally low. There have been very few
studies of Co in freshwaters. Early studies were hampered by the insensitivity of analytical methods
and imperfect clean techniques. After the emergence of advanced analytical methods with lowdetection limits, measurements mainly focused on seasonally or permanently anoxic waters, most of
these have ignored mainly processes in oxic waters where total Co and, probably, bioavailable Co
are lowest. Vertical patterns are generally similar among the lakes; dissolved Co is low in surface
waters and much higher in anoxic bottom waters. There is generally a strong correlation with
dissolved Mn, as expected from the known high affinity of Co for Mn oxides. In later studies,
combined methods were used to provide more insight into Co: Mn association. Temporal and special
speciation investigation is expected to understand the biogeochemistry and bioavailability of Co
better.
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1.5 Dissertation Objectives
Owing to the limited information and ever-growing importance of cobalt in biogeochemistry and
industrial use, this study's primary focus is to investigate the biogeochemical cycling and speciation
of Co and in a freshwater lake and its budget in an estuary, applied with novel SRTG. It may serve
to support tests of whether the availability of Co as a micronutrient can influence planktonic
community assemblages. An important component of this work is the first-ever effort to characterize
the vertical ligand abundance-strength distribution profile for Co and the proportion of Co
synthesized as Vitamin B12 in freshwater by ELISA in an American stratified lake. The research will
significantly expand the understanding of the behavior of Co, a vital trace metal. At present, almost
nothing is known about cobalt’s biogeochemistry in freshwaters except for rare anoxic systems. To
identify the Co speciation, this investigation will use state-of-the-art speciation analyses with trace
metal clean techniques. Free cobalt may vary by orders of magnitude among lakes, at different
depths in stratified lakes, and at different times in a single depth layer. These variations can be
related to changes in standard background geochemical parameters, especially DOM and pH.
Besides the lake system, the fate and transport of contaminants, including trace metals like cobalt, in
an estuary is evaluated in this study. Climate change triggers an impact on the watershed flood flow
pattern. This study evaluates how it influences the trapping and export of contaminants combined
with tidal flushing.

The primary objectives of this study are to:
1.

Identify background chemical parameters to illustrate their time-series stratification patterns
and biogeochemical cycles in Linsley Pond

2.

Characterize the spatial distribution and seasonal variation of cobalt concentrations and
speciation.

3.

Quantify Vitamin B-12 in relation to cobalt speciation
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4.

Assess discharge and trace metal loading in the free-flowing SRTG systems

5.

Evaluate how the combination of watershed flood flow and tidal flushing impacts estuarine
retention and removal efficiency

6.

Generate mass balance of sediment and trace metal based on detailed continuous
measurement.
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CHAPTER 2 BACKGROUND SEASONAL BIOGEOCHEMISTRY
AND STRATIFICATION OF LINSLEY POND
Abstract
Auxiliary parameters analyses with Co and Mn measurement of samples from fourteen levels of
a profile collected via clean techniques in the water column of a small eutrophic dimictic lake are
presented to provide background information of Co speciation in this chapter. Temperature, pH, DO,
major ions, nutrients exhibit a typical stratification pattern. Bi-modal vertical distribution of
dissolved organic carbon (DOC) DOC is observed, while Chlorophyll-a (Chl-a) displays
metalimnetic maxima only in August, right below the highest organic carbon position. Stratification
of Co and Mn, along with Co: Mn association are also demonstrated in the lake. Almost all Co is
dissolved at all times and depths. The Highest Co concentration across the redoxcline is caused by
the bacterial activity of photosynthetic sulfur bacteria (PSB). Formation of CoS results in the
different patterns of Co in the hypolimnion between 2017 and 2018.

2.1 Introduction
As the only vitamin-containing metal element and one of the biophilic microelements, Co could
be a potential linkage among several biochemical cycles. Water temperature and stratification are
closely related to the lake’s heat, energy, and water movement. They are important driving forces for
the ecological and water quality processes in the lake system. Factors such as pH, redox conditions,
ionic strength and dissolved organic concentration can affect the distribution coefficient of cobalt.
The fate and speciation of cobalt in water vary with organic ligands, anion, pH and redox potential
(Organization 2006). Therefore, in this chapter, the measurement and analysis of auxiliary
parameters will provide basic information for exploring the distribution and speciation of cobalt and
its potential biogeochemical effects in lakes.
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2.1.1 Early studies of Co biogeochemistry in lakes
A literature review reveals that information on the behavior of cobalt in freshwaters is scarce. In
most cases, Co has been studied within a long list of other trace metals and has not attracted
sufficient attention as an individual metal. Co had been proven to be an essential element vital for
synthesizing VB12, i.e., cobalamin. Since it is indispensable to fish and other aquatic organisms, but
can only be synthesized by some bacteria and archaeon, a capability absent in higher plants, animals
are dependent on the bacterial production of this crucial compound for nutrition (Marston 1952).
Hence, early research of Co in lakes focused on preliminary investigations of its relationship to
possible VB12 insufficiency for phytoplankton (Benoit 1957; Holmhansen et al. 1954). In that
research, a vertical series of water samples from Linsley Pond, Connecticut, was collected during the
summer stratification to determine surface waters' cobalt content. The cobalt's mean content was
found to be 0.091 µg·L-1 and greater in the hypolimnion than in the epilimnion (Benoit 1957).
Moreover, because of its low total dissolved concentration among trace metals, Co has a higher
probability of acting as a limiting micronutrient. Hampered by the insensitivity of analytical methods
and imperfect clean techniques, Co was not measured extensively in lakes for decades. The dissolved
form of Co was determined in the Central and Eastern Basins of Lake Erie during September 1978
by the Chelex-100 pre-concentration method. The range of Co was 0.08 – 0.13 µg·L-1 (Lum and
Leslie 1983). Cobalt content was determined for the water in 59 forest lakes (when possible at a
depth of 2 m) in northern Sweden during July and August 1980. The level of cobalt ranged from
<0.1 µg/L to 0.4 µg/L. Since the detection limit of the analytical method, graphite furnace atomic
absorption spectrometry, was 0.1 µg/L, the mean values remained uncertain and maybe overestimated (Borg 1987). A significant knowledge gap regarding possible trace metal limitation of
planktonic communities in freshwaters remains.
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2.1.2 Co Cycling in Lakes
More recently, with the development of low-detection limit analytical methods, such as
inductively coupled plasma-mass spectrometry (ICP-MS) and stripping voltammetry (SV), dissolved
Co profiles have been measured in a few lakes, all with seasonally or permanently anoxic bottom
waters (Achterberg et al. 1997; Balistrieri et al. 1992; Balistrieri et al. 1994; Gassama et al. 1994;
Green et al. 1989; Lienemann et al. 1997; Taillefert et al. 2002; Viollier et al. 1995). Vertical
patterns are generally similar among the lakes (Fig. 2.1), though important questions remain. In all
instances, dissolved Co is low in surface waters (sub nM) and much higher in anoxic bottom waters
(maxima ranging from 6 to 80 nM). A clear gradient can be observed in the oxic-anoxic transition
zone. There is generally a strong correlation with dissolved Mn (Fig. 2.1), as expected from the
known high affinity of Co for Mn oxides (Murray 1975). Adsorption of cobalt was promoted with an
increase in pH. The selectivity order to adsorb on hydrous manganese dioxide observed is (Murray
1975):
Co≥Mn>Zn>Ni>Ba>Sr>Ca>Mg
The buildup of Co under anoxic conditions is usually attributed to release from Mn oxides
solubilized by reduction to Mn (II), but direct measurements of this flux (e.g., with sediment traps)
are lacking. Co and Mn may also be released directly from bottom sediments.

22

Epilimnion

Metalimnion

Hypolimnion

Figure 2.1 Typical interaction between Co and Mn in the water column, illustrated for Paul Lake, MI
(Taillefert et al. 2002).
The left panel is for particulate and the right panel for dissolved forms, operationally defined as
capture on 0.5 µm filters. The dashed lines indicate the location of the chemocline
Due to very low amounts of dissolved Co and Ni in inland lakes, as well as their common high
sensitivity with dimethylglyoxime, a square-wave voltammetry method was adapted to water from
Lake Aydat, France, with dimethylglyoxime as a competing complexing agent (Gassama et al.
1994). The lake is a typical eutrophic, dimictic lake and very similar in dimension and stratification
to our study site, with a surface of 0.6 km2 and a maximum depth of 15.5 m. Its hypolimnion (5 to
15.5m) is periodically hypoxic from May to October (maximum stratification in September). In this
past study, Co showed a higher variability of concentrations than Ni. Co concentration in the
epilimnion was close to the detection limit (i.e., 1×10-10 M) and rose dramatically below the
thermocline, reaching an average value of about 3.5×10-10 M. The strong affinity of Co toward Mnoxide compounds was observed, which was believed to be the reason for the very low concentration
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of Co in the epilimnion. Moreover, the possible presence of natural organic complexing agents
whose complexation constants greater than those of DMG but no redox reactions occur at the Hg
electrode surface might also cause Co underestimated (Gassama et al. 1994). The rising
concentrations of Co below the thermocline were attributed to the possible desorption of this element
from a solid phase.
Intimate coupling of dissolved Co and dissolved Mn was also observed in meromictic
Fayetteville Green Lake, (FGL), NY., whose water column geochemistry has been extensively
studied for almost one century. Dissolved Co echoed the concentration pattern of dissolved Mn, with
lower concentrations in the mixolimnion, increasing concentrations starting at the top of the
chemocline, maximum concentrations at the bottom of the chemocline, and stable elevated
concentration in the monimolimnion (Havig et al. 2015).
2.1.3 Insight into Co: Mn association
One multi-method study documented Co association with Mn-rich particles in suboxic strata of
Paul Lake, a small meromictic lake situated in the upper Michigan peninsula (Lienemann et al.
1997). Concentrations of dissolved Co and Mn demonstrated similar distributions in the water
column. They remained below the detection limit in the oxic zone, rose rapidly across the
oxic/anoxic boundary from 5 to 5.5 m depth, where dissolved Co and Mn increased to 6 nM and 3
μM, respectively. Interconversion between dissolved Mn and particulate Mn-oxides species
influenced the sorption of cobalt to hydrous manganese oxides and then controlled the dissolved Co
levels. Co: Fe association was not evident from the comparison of the concentration profiles of Co
and Fe. Equilibrium calculations using the computer program PHREEQC indicated that the free Co
(II) was the primary form of dissolved Co in the oxic waters, while dissolved sulfide complex (CoS°)
presented predominantly in the anoxic bottom waters. Individual Mn-rich micro-particles were
observed at the oxic/anoxic transition through a Transmission Electron Microscopic (TEM)
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characterization, followed by an Energy Dispersive Spectrometry (EDS) to determine Co: Mn ratios
on individual particles. The ratio was (2.0 ±0.7) × 10-2 for the Mn-rich micro-particles, an order of
magnitude higher than that of dissolved fractions (2.6 ±0.02) × 10-3. The biological origin of the
hydrous manganese oxides was validated by micrographs (Fig. 2.2), showing bacteria covered by
manganese oxide overgrowth, which most likely resulted in the reduction of Co in the water column.
These findings also provide direct evidence of the presence of Co as an important inclusion in
bacterial manganese oxides for the very first time. Additional molecular and microbiological
evidence revealed that the greatest activity of the δ proteobacteria was observed just below the oxicanoxic transition where dissolved Mn ion accumulated, Mn reduction was suggested to be attributed
to the bacterial activity (Taillefert et al. 2002).

Figure 2.2 Close up micrograph showing the pool of bacteria present at 5 m depth. Large arrows
indicate manganese-rich materials, while small arrows show little evidence of Mn overgrowth (bar =
1 µm) (Lienemann et al. 1997)
Although a number of studies have shown that the geochemical behavior of Co is closely related
to the presence of particulate Fe and Mn in aquatic systems, the real-time dynamics between Co and
Mn cycling have not yet been determined under natural conditions (Taillefert et al. 2002). Temporal
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and spatial variation of Mn microparticles (MnOx) was demonstrated by a combination of analytical
techniques in a shallow stratified lake (Paul Lake, MI). Dissolved Mn ion accumulated at the oxicanoxic transition as a result of the reductive dissolution of Mn particles, which was believed to be
caused by a reductant other than H2S and ferrous iron. Given the δ proteobacteria's greatest activity
just below the oxic-anoxic transition where dissolved Mn ion accumulated, Mn reduction was
suggested to be attributed to bacterial activity.
There are also some apparent dissimilarities between Mn and Co profiles (e.g., different depths
of maxima) (Green et al. 1989; Viollier et al. 1995), so the relationship between these two metals,
though strong, is complicated. Data were reported for metal dynamics in Lake Vanda, located in
Wright Valley (Antarctica). Covered by 4-m-thick permanent ice, the lake is 68.8 m deep with three
permanent discernable layers: oxic (above 55 m), suboxic (55-59 m), and anoxic (below 60 m)
zones. The metal profiles exhibited two distinct patterns. Concentrations of dissolved Co, Mn, and
Fe were very low in the oxic zone and reached the highest concentration across the redoxcline,
representing reductive dissolution of their respective oxide phase. Manifest similarities in the Mn
and Co profiles observed between 50 and 60 m demonstrated the strong association of Co with Mn in
this zone. Mn concentrations remained high below 60 m; however, Fe and Co concentrations
decreased sharply across the anoxic zone, caused by the formation of insoluble sulfide phases below
this depth (Green et al. 1989).
2.1.4 Complexation of Co
In both oxic and anoxic waters, Co is mainly dissolved rather than bound to particles. This is
surprising for metal as particle-reactive (e.g., to Mn oxides) as Co. One probable explanation is that
Co is strongly complexed, either by DOM or other ligands that keep it in solution. Thermodynamic
speciation calculations verified that concentrations of organic complexes account for a significant
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portion of the dissolved Co in lakes (Qian et al. 1998). Dissolved and unfiltered concentrations of Co
were measured in a small lake, Esthwaite Water, during anoxia in summer 1991 (Achterberg et al.
1997). Concentrations of Co were below the detection limit (0.3 nM) of the simultaneous Ni/Co
cathodic stripping voltammetry (CSV) method in June. In August and September, dissolved Co
concentrations were measured ranging from 1.0 to 30 nM, with the maxima in the hypolimnion,
which is consistent with patterns found in other lakes in the hypolimnion during anoxia. Cobalt
exhibited increasing concentrations with Fe and Mn in the anoxic hypolimnion. The agreement of
profile patterns between dissolved Co and dissolved Mn and Fe was initially believed to be
associated with similar redox processes and to be linked to adsorptive reactions of solid phases of
Mn and Fe. Excellent correlations were found between dissolved Co and dissolved Mn (r = 0.95 and
0.98, in August and September, respectively) as well as between dissolved Co and dissolved Fe (r =
0.98 and 0.92, in August and September, respectively)
More comprehensive insight regarding the specific mechanism for Co geochemistry was
provided through thermodynamic speciation calculations for dissolved Co (Achterberg et al. 1997).
Results revealed that the Co in the oxic lake water in September contained 37% of aqueous Co (II)
ions along with Co-FA and Co-HA, which comprise 41% and 19% of the species, respectively.
Besides, concentrations of organic complexes account for a significant portion of the dissolved Co in
the lake. The solubility product of Co sulfide was exceeded according to calculations for the anoxic
bottom waters, which denoted that depletion of Co was caused by the formation of insoluble Co
sulfide. It represented another pathway to explain the lower Co concentrations in anoxic
hypolimnetic waters in September than those in August, other than settling with Fe and Mn oxyhydroxides.
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These studies have indicated that dissolved (and total) Co levels in clean lakes are generally very
low (a few nM) in the very few existing studies of Co in freshwaters. Early research was hampered
by the insensitivity of analytical methods and imperfect clean techniques. More recently,
measurements were mainly concentrated in seasonally or permanently anoxic waters. Similar vertical
patterns were generally observed: low in surface waters, much higher in anoxic bottom waters.
There is a high affinity of Co for Mn and DOM. VB12 has been shown to limit phytoplankton growth
in the Southern Ocean where Fe is the main limiting nutrient (Bertrand et al. 2007). Studies on the
relationship between VB12 and cobalt speciation in freshwater are lacking. My research aims to
investigate temporal and spatial Co variation and speciation, considering both DOM and B12, and to
better understand the biogeochemistry and bioavailability of Co. I also aim to evaluate how close Co
may be to becoming a limiting micronutrient under various conditions occurring in a stratified
temperate lake.
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2.2 Methods
2.2.1 Study sites
Linsley Pond is an internationally renowned mecca of limnology that is considered as one of the
best-studied bodies of water on the planet, and where modern aquatic ecology was founded
(Hutchinson 1944; Hutchinson and Bowen 1950; Hutchinson and Setlow 1946; Hutchinson and
Wollack 1940). It is a freshwater lake located in North Branford, CT (41.3ºN, 72.8ºW), with a
surface area of 9.4 ha, a maximum depth of 13.4 m, and an average depth of 6.2 m (Fig. 2.3). It was
extensively studied by Hutchinson and his students (Brugam 1975; Cowgill 1973; Cowgill 1976;
Cowgill 1977; Deevey 1942a; Deevey 1942b; Deevey and Stuiver 1964; Peteet et al. 1993;
Vallentyne and Swabey 1955) and by my advisor (Benoit and Rozan 2001; Hu et al. 2006; Hu et al.
2007; Mylon and Benoit 2001; Twining et al. 2006; Wang and Benoit 2016; Wang and Benoit 2017).
It was also the site of perhaps the first-ever study of Co biogeochemistry anywhere (Benoit 1957).
Yale maintains a research access station there (storage and dock), and it is part of their Natural Lands
network of study sites. Linsley thermally stratifies in the summer, and bottom waters become
anoxic, with the eventual quantitative conversion of sulfate to sulfide. Variations in Co profiles
along with background environmental parameters (temperature, pH, and dissolved oxygen (DO))
were measured during and after summer stratification from Jul. to Dec. 2017. A full spectrum
measurement of Co speciation in parallel with a series of key chemical and biological parameters
were conducted from May to Dec. in 2018, which documented their variation in space and time to
identify factors that control Co biogeochemistry.
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Figure 2.3 Linsley Pond, North Branford, Connecticut (Canavan and Siver 1995)

2.2.2 Water sampling and measurement
All sampling and measurement steps were conducted conforming to clean techniques (Benoit et
al. 1997) to avoid potential contamination of the samples. Our preliminary measurements showed
that Co in Linsley occurs at the parts-per-trillion level, so clean techniques are essential to prevent
contamination artifacts. HDPE bottles used for storing water samples were first soaked in warm
25% HCl for 48 hours, followed by soaking in warm 2% HNO3 for another 48 hours. Bottles were
rinsed with ESC house purified water polished with a Nanopure system. Lake water was pumped
into 250 ml bottles with a portable peristaltic pump (Masterflex; Cole Palmer) and Teflon FEP-lined
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Tygon tubing. Samples were filtered during collection by passage through 0.45 μm Millipore
Durapore filters. Vertical sample profiles were used to characterize the temporal and spatial variation
of total and dissolved Co levels, cobalt speciation characteristics, key redox-sensitive species, and
ancillary aqueous geochemical parameters. Vertical sample spacing was approximately every 1 m,
which is adequate to characterize the variation in Linsley and similar lakes. Measurements were
repeated monthly to chronicle changes that occur in different seasons in response to variations in pH,
redox conditions, and dissolved organic carbon (DOC). All subsequent sample preparation and
analysis were conducted in a Class 100 cleanroom. Sub-samples for dissolved parameters were
transferred into pre-cleaned low-density polyethylene containers for most constituents.
The following background chemical parameters were measured on all samples by standard
methods: temperature, pH and dissolved oxygen (by electrode), major anions and cations (SO42-, Cl-,
Na+, K+, Ca2+, Mg2+, by ion chromatography), acid-neutralizing capacity (ANC) and bicarbonate (by
titration and field measured pH), TDS (by summation of major anions and cations), in vivo
chlorophyll-a (by field fluorimetry, AquaFluor®, Turner Designs, Inc.), S (-II) (by methylene blue
method). Nutrients (PO43-, NH4+, and NO3-) were measured on an autoanalyzer by automated
colorimetry (molybdenum blue, phenate method, and cadmium reduction, respectively). The DOC
quantity was measured by automated catalytic high-temperature oxidation to CO2 and quantitation
via IR absorbance (Shimadzu 5000 analyzer). Samples for dissolved (filtered) and total (unfiltered)
Co and Mn measurements were acidified with trace metal grade HNO3 to a final concentration of 2%
HNO3 and then analyzed with ICP-MS.
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2.3 Results and Discussion
2.3.1 Temperature, pH, and DO
Like many lakes in mid-latitude regions with temperate climates, Linsley Pond is a dimictic lake,
which mixes from the surface to the bottom twice each year. In winter, dimictic lakes usually have
inverse thermal stratification especially when the water surface is covered by ice. The water
temperature is 0 °C below the ice and then rises to nearly 4 °C at the lake's bottom. Overturn usually
occurs in spring and fall, when the water temperature throughout the lake is close to 4 °C (the
temperature of the maximum density), then the lake mixes from top to bottom. As the heat fluxes
from the atmosphere and solar radiation continuously warm the lake's upper water during summer,
less dense water floats on deeper water. The stable density gradient inhibits the lake from mixing
and forms a strong thermal stratification. The water column of the lake is then divided into three
layers from top to bottom, epilimnion, metalimnion, and hypolimnion. Separating the two water
layers with a more constant temperature (epilimnion and hypolimnion) is an intermediate zone in
which the temperature drops rapidly as the depth increases. Birge introduced the terminology
thermocline in 1897 to signify this temperature gradient, where the temperature drops by at least 1 °
C for every 1 m of increase in depth. Bronsted and Wesenberg-Lund contributed the name
metalimnion to portray the middle zone in 1911, followed by Hutchinson, who defined the
thermocline as an imaginary plane within the metalimnion. It is an intermediate level between two
depths, where the temperature decreases at the highest rate.
Fig. 2.4 demonstrates the temporal and spatial variation of temperature in Linsley Pond's water
column in 2017 (July to Dec.) and 2018 (May to Dec.). The patterns are similar, showing an apparent
three-layer summer stratification structure from early July to early September: epilimnion (0 – 3 m),
metalimnion (3 – 9 m), and hypolimnion (9 – 13 m). The epilimnion temperature is above 22 ℃, and
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the vertical distribution is more uniform. In August 2018 (with the maximum temperature difference
between surface and deep water: 21.8 °C), the surface layer's maximum water temperature reached
27.7 ℃. Water temperature in the metalimnion changes significantly in summer, ranging from 6.6 to
26.2 °C, while there is little change in water temperature in the hypolimnion, ranging from 5.9 to
6.2 °C. Although the water temperature was overall higher in mid-September 2018 than that during
the same period in 2017, and the water column mixed at about the same date in late November for
both 2017 and 2018, it was lower in December 2018 than that during the same period in 2017. All of
these patterns have been observed previously (Hu et al. 2006).
The pH value of Linsley Pond is weakly alkaline in the epilimnion during stratification (Fig. 2.5).
Photosynthesis consumes a large amount of CO2 and raises the pH. The highest pH is in July for both
years: 8.8 at 1m in 2017 vs. 8.9 at 3m in 2018. It turns neutral in a step-wise fashion in deeper water
due to the combination of weaker photosynthesis and more vigorous respiration. Accumulation of
CO2 by respiration decreases the pH value with depth. In the hypolimnion, CO2 production by
anaerobic metabolism, together with acid production because of the decomposition of organic
matter, lower the pH below 7. Like temperature, the pH was higher in the epilimnion during midSeptember 2018 than the corresponding period in 2017. Temporally, from early July to mid-October,
the overall pH in the epilimnion gradually decreased, while it slightly changes in the metalimnion
and hypolimnion. After summer stratification, the pH in the epilimnion got lower and close to that of
the deeper water. The lower and more constant pH in winter 2018 echoes a thorough turnover due to
lower temperatures.
Dissolved oxygen (DO) is a crucial parameter for maintaining aquatic ecological integrity. It
participates in almost all aquatic biogeochemical reactions and is vital to maintaining the balance of
lake ecosystems. Lake DO is mainly controlled by the following factors: (1) exchange through the
water-air interface; (2) horizontal and vertical mixing; (3) photosynthesis leading to an increase in
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DO concentration in water; (4) DO consumption by biochemical oxidation, and aquatic organisms'
respiration; (5) depletion of oxygen by biological decomposition; (6) oxygen uptake at the mudwater interface because of sediment oxygen demand.
Bacteria use at least three electron acceptors available successively according to the redox order:
DO (O2), nitrate ions (NO3– ), and sulfate ions (SO42-). Nitrifiers, which convert ammonia to nitrate,
use DO to convert food to energy via aerobic metabolism. When organic compounds' supplies have
been consumed, nitrifiers are the dominant bacteria to perform nitrification. In an anoxic
environment, denitrification or anoxic metabolism occurs when denitrifying bacteria use nitrate as an
oxygen source. When nitrate ions are converted to nitrogen gas, bacteria turn food into energy.
Lastly, when dissolved oxygen and nitrate are no longer present, bacteria use sulfate as an electron
acceptor and convert it to H2S, HS-, and other sulfur (-II) compounds.
The density stratification of water bodies is the initial driver of the vertical variation of DO
concentration. The oxygen content of the epilimnion increases with DO solubility owing to dropping
temperature. High transparency facilitates photosynthesis, and algae's oxygen production causes
supersaturation at the bottom of the epilimnion (3 m) or the top of the metalimnion in July of both
2017 and 2018 (Fig. 2.6). Low DO is a common phenomenon in the hypolimnion. Photosynthesis in
the surface water body produces oxygen and organic matter, some of which settles to the bottom of
the lake. Organic particles decompose during the sinking process, and the DO content in the bottom
water body is consumed. DO of water below the epilimnion sharply declines to levels close to zero
during the warmer period. The stratification limits the DO supplementation from the surface layer to
the hypolimnion via mixing.
Although lower temperatures were observed in 2018, especially at the bottom of the lake, and the
vertical exchange of DO was a little earlier in 2018, in the long run, global climate change would
enhance the stability of thermal stratification in similar lakes. The stable layered structure leads to
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limited vertical oxygen exchange and continuous oxygen consumption in the hypolimnion, which
possibly results in more severe hypoxia at the bottom. Usually, the water temperature gradient of
lakes flips in winter, which supplements the bottom DO. With warmer winters, Lakes may become
monomictic (Ficker et al. 2017; Woolway and Merchant 2019), freely circulating during the winter
and having expanding stable thermal stratification during the rest of the year, which will change
lakes’ biogeochemical cycles and structure of the food chain, endangering the stability and safety of
the aquatic ecosystem.
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(a) 2017

(b) 2018
Figure 2.4 Temporal and spatial variation of temperature in the water column of Linsley Pond in
2017 and 2018 (Dots represent sampling times and locations)
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(a) 2017

(b) 2018
Figure 2.5 Temporal and spatial variation of pH in the water column of Linsley Pond in 2017 and
2018 (Dots represent sampling times and locations)
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(a) 2017

(b) 2018
Figure 2.6 Temporal and spatial variation of DO in the water column of Linsley Pond in 2017 and
2018 (Dots represent sampling times and locations)
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2.3.2 Major ions and TDS
Four cations and three anions comprise the bulk of the total dissolved solids of freshwaters. Most
rivers and lakes tend to have cation levels in the order Ca > Na > Mg ≥ K (Berner and Berner 1987).
However, with significant road salting and little limestone bedrock, Na > Ca > Mg > K in Linsley
Pond water. Ocean-derived aerosols from the evaporation of sea spray carried inland by the wind are
considered to be another cause of high values of sodium in coastal regions (Fig. 2.7a). However,
deicing salts are almost certainly more important. A headwater stream in a similar location (distance
from Long Island Sound) averaged only 0.03 mM Na (G. Benoit, pers. comm.), and this may reflect
the sea spray contribution. Despite the small variation in concentration, sodium still shows apparent
stratification. This is probably due to deep water that enters the lake in the winter when deicing salts
are used. Later, fresher water is added to the stratified lake and remains in the epilimnion. There is
no evidence of seepage of groundwater, which tends to be high in Na+, as has been observed nearby
in Lake Whitney (Benoit, pers. comm.). The pattern for chloride closely matches that of sodium
(Fig. 2.7a), and plotting their molar ratio shows values very close to 1.0 in the lake’s hypolimnion
(Fig. 2.9a). These patterns strongly support the notion that Na and Cl in the depths of the lake
simply reflect deicing salts captured at the start of stratification before May.
Weathered from various feldspars, potassium is a close relative of sodium with somewhat similar
chemical properties. However, it is sometimes implicated as a limiting nutrient in agricultural
systems, and its charge to size ratio means that it tends to be strongly adsorbed to some clays. It
displays an orthograde pattern (Fig. 2.7b), lower in the epilimnion (lowest as 0.030 mM in July) and
higher in the hypolimnion (highest as 0.047 mM in Oct and Nov). Potassium exhibits a steady
increase in the lower hypolimnion, suggestive of release from sediments over the summer. However,
it should be remembered that the lake is not a cylinder, and bottom sediments are in contact with
water at all depths in the hypolimnion, not just the very bottom. At the same time, the ratio of
39

surface area to lake volume increases with depth, so release from sediments can be expected to
increase as well.
Chemical weathering of calcium and magnesium-containing minerals can contribute these
compounds to the aquatic environment. In mesotrophic, moderately hard water lakes, like Linsley
Pond, calcium and magnesium exhibit a pattern of stratification, and their distributions are
remarkably similar to each other (Figs. 2.7c & 2.7d). In particular, they have the highest
concentrations in the metalimnion in Sept and Oct, which is probably caused by the decomposition
of planktonic organisms in this zone. One of the reasons for the high calcium content in the
hypolimnion could be that calcium carbonate in the sediment is dissolved to form calcium
bicarbonate and then diffuse into the water. The hardness of water refers to the amount of dissolved
calcium and magnesium in the water. Magnesium has similar chemical properties to calcium, but it
lies at the center of the chlorophyll molecule, playing a key role in photosynthesis. While depleted in
the epilimnion, magnesium peaked in the upper metalimnion from 5 to 6 m in Sept and Oct,
approximately twice as high as epilimnetic concentrations.
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(a)

(b)
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(c)

(d)
Figure 2.7 Temporal and spatial variation of major cations in the water column of Linsley Pond in
2018 (Dots represent sampling times and locations)
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Molecular proportions in the order CO3 > Cl > SO4 are usual in hard-water lakes. In Linsley
Pond, molar concentrations of chloride and bicarbonate are roughly equivalent, and the sulfate ion is
the third most abundant anion. Carbonates are present as a constituent in local sandstones, but true
limestones are absent. Chloride is a largely conservative constituent in natural waters and probably
the most commonly used tracer in hydrology. Rainfall and snow are often thought to be the primary
sources of chloride in lakes near the coast at uncontaminated locations. However, in the case of
Linsley Pond, deicing salts are more important. The use of NaCl salt to melt snow and ice on the
roads in winter is universal in this region. When the ice and snow are melted, saltwater will flow into
the gutters and be discharged along with snowmelt water. An increase in salinity has been found in
many streams and lakes in the northeastern United States (Kaushal et al. 2005). The increase in
salinity in rivers and lakes would potentially make the water harmful to freshwater fish and plants
(Dugan et al. 2017). The Cl has the highest concentration of 2.6 mM in the epilimnion during the
study period (Fig. 2.8a), which is most likely because of road salt washed in by the spring thaw. Its
concentration rises with depth but keeps relatively constant in the metalimnion and hypolimnion
until fall overturn. Like for Na, this reflects water added to the lake in the winter on which fresher,
warmer water floats later. The Na: Cl molar ratio is very close to 1.0, supporting this hypothesis
(Fig. 2.9a). Overall, the nearly constant levels of Na and Cl in the stratified bottom waters suggest
that sources are from outside the lake, with little in-lake processing.
Sulfate ions in lakes mainly come from the dissolution of mineral salts and the mineralization of
organic sulfate esters. In the recent past, atmospheric sulfate introduced with rain was an important
source of sulfate in surface water and soil. Regulations restricting S emissions have dramatically
reduced this source over the past decades. Sulfate-reducing bacteria (SRB) convert sulfate ions into
hydrogen sulfide and bisulfide, depending on ambient pH. Water samples in the deep anaerobic
layers of eutrophic lakes usually emit the characteristic rotten eggs smell of hydrogen sulfide. In
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contrast, the upper surface water is odorless and contains largely sulfate, with only trace amounts of
sulfide (Mylon and Benoit 2001). The concentration of sulfate in Linsley Pond water varies from
0.06 mM at the bottom in Nov to about 0.42 mM in the epilimnion in July and September (Fig.
2.8b). During summer stratification, SRB reduces sulfate to hydrogen sulfide in the hypolimnion of
lakes that have depleted the oxygen and nitrate in deep water, thereby producing H2S, accompanied
by sulfate consumption. Since ferrous sulfide is insoluble in neutral or alkaline water, hydrogen
sulfide appears in free water of the deep hypolimnion only when the water is acidic, or enough
sulfate is reduced to precipitate all of the iron in the form of FeS. Although photosynthetic sulfur
bacteria (PSB), including green sulfur bacteria and purple sulfur bacteria, can utilize the oxidation of
hydrogen sulfide as an energy source via anoxygenic photosynthesis (using H2S instead of water as
an electron donor for CO2 reduction, without producing oxygen) in the lower metalimnion/upper
hypolimnion (Hu et al. 2006; Wang and Benoit 2017), anaerobic respiration is predominant in the
deep hypolimnion using sulfate as a terminal electron acceptor. The decline in sulfate in the
hypolimnion of Linsley Pond reflects its reduction and the quantitative production of S (II) (Mylon
and Benoit 2001).
Sources of bicarbonate can include CaCO3 and calcium and magnesium silicates in sediments.
CaCl2 is sometimes used as a deicing salt, but not to our knowledge in North Branford. The vertical
bicarbonate distribution is, in general, orthograde, exhibiting a maximum in the hypolimnion (3.2
mM) in Oct and a minimum in the epilimnion (1.8 mM) in May (Fig. 2.8c). The ratio of Ca (or Ca +
Mg) to HCO3- remains close to a value of 0.5 in the metalimnion throughout the late spring and
summer (Figs. 2.9b & 2.9c). This supports the possibility that, in this layer, both are derived from
the dissolution of CaCO3 or CaMg(CO3)2 along with decomposition of associated soft tissues. Still,
the highest levels of both Ca and HCO3 are found in deeper waters, perhaps released from sediment
solids or pore waters.
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TDS is expressed as the sum of main cations and anions, and its mass concentration follows the
following sequence: HCO3 > Cl ≥ Na ≥ Ca > SO4 > Mg > K. TDS ranges from 300 to 340 mg/L in
the epilimnion overall (with one exception of 360 at the surface in July) and 340 to 380 mg/L in the
metalimnion. In the hypolimnion, TDS is generally higher than 400 mg/L, and it increases over the
course of the summer in the deeper portions. Curiously, this pattern is not driven mainly by NaCl.
A trace of mass contributions of TDS by the various ions at a depth of 11 m (Fig. 2.10) shows that
HCO3 is the main contributor to the observed increase even though most of the solids are the
combination of Na plus Cl.

(a)
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(b)

(c)
Figure 2.8 Temporal and spatial variation of major anions in the water column of Linsley Pond in
2018 (Dots represent sampling times and locations)
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(a)

(b)
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(c)
Figure 2.9 Temporal and spatial variation of ratios of ions in the water column of Linsley Pond in
2018 (Dots represent sampling times and locations)

Figure 2.10 Temporal and spatial variation of TDS in the water column of Linsley Pond in 2018
(Dots represent sampling times and locations)
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2.3.3 Nutrients
Soluble nitrogen compounds in lakes originate from: (1) water flowing into the lake, including
precipitation on the lake surface and groundwater replenishment; (2) fixation in the lake water and
sediments; (3) mineralization of organic nitrogen. They can be lost via (1) water flowing out of the
lake; (2) uptake by lake organisms; (3) denitrification in the lake; and (4) formation of permanent
sediments. NH4+ is the main nitrogen-containing product of bacterial decomposition of organic
matter and a vital excretion product of invertebrates. During organic decomposition, almost all
heterotrophic bacteria produce ammonia. The nitrification process is sensitive to pH and occurs
more slowly in acidic waters, while the process of nitrate reduction always occurs under anoxic
conditions when it becomes the preferred electron acceptor. The concentration of NH4+ in Linsley
Pond is below 100 µM overall in the epilimnion and metalimnion and then accumulates dramatically
in the hypolimnion, reaching 274 µM at the bottom in Oct (Fig. 2.11a). The possible reason for N
removal in the epilimnion is that there is sufficient light, so algae use NH4+ and NO3- for
photosynthesis, thereby consuming most of the nitrogen nutrients. The thermocline inhibited the
exchange of nutrients from the hypolimnion to the upper water, leading to maxima of NH4+ at the
bottom of the lake. The pattern of NO3- is more complicated than that of NH4+. Theoretically, NO3should demonstrate a complementary trend compared with NH4+, showing a higher value in the
metalimnion in June and November by nitrification, echoing the medium level of DO. The minima in
the hypolimnion resulted from denitrification, corresponding to the maxima of NH4+. NO3- is
expected to be higher in the epilimnion. However, as mentioned above, algal growth would also be
depleted, leading to a very low NO3- level in the epilimnion in July and August (Fig. 2.11b). In a
productive lake like Linsley Pond, nitrate is removed by assimilation in the epilimnion and reduction
near the bottom of the lake, resulting in a distinct dichotomous distribution with the highest nitrate
content in the middle water.
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Soluble phosphorus compounds in lakes come from: (1) water flowing into the lake; (2)
liberation of phosphorus from the decay of littoral vegetation into the epilimnion; (3) liberation of
phosphorus from the seston settling through the water column; (4) diffusion of phosphorus from the
sediments into the hypolimnion, released by reduction of iron oxides to which they were adsorbed.
Phosphorus compounds could be lost via (1) water flowing out of the lake; (2) uptake from water by
littoral vegetation and phytoplankton; (3) sedimentation of phosphorus-containing seston; (4) coprecipitation with or adsorption to ferrous iron when it reoxidizes to ferric hydroxide. The response
of PO43- concentration (or soluble reactive phosphorus, SRP) to stratification follows a general rule:
it shows an increasing gradient from top to bottom, with a pattern similar to NH4+. SRP was below 1
µM in upper waters (0 – 6 m), and then gradually increased starting at a water depth of 6 m, while
showing a considerable increase in the lower hypolimnion mainly due to release from bottom
sediments during the fall, with a maximum of 33 µM at the bottom of the lake in Oct. The sediments
show the characteristics of being a source and releasing phosphorus into the water column above.
The anoxic environment at the bottom of the lake causes phosphorus release by reducing insoluble
Fe (III) to soluble Fe (II). PO43- distributions demonstrating these aspects of the vertical variation are
given in (Fig. 2.11c). It was found that when a considerable amount of H2S is formed in the
hypolimnion during the late phase of stratification, it causes some ferrous sulfide precipitation in the
hypolimnion during autumnal circulation.
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(a)

(b)
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(c)
Figure 2.11 Temporal and spatial variation of Nutrients (a) NH4-N (b) NO3-N (c) PO4-P in the water
column of Linsley Pond in 2018 (Dots represent sampling times and locations)

2.3.4 ANC, DOC and Chlorophyll-a
ANC refers to the capacity of water to neutralize acids. It is formed by various substances that
can bind protons, mainly HCO3-, CO32-, OH- for most fresh lake waters. An adequate level of ANC
can stabilize the pH of the water body, improve its buffering capacity, which is one of the critical
conditions for the growth and reproduction of aquatic organisms. A sufficient amount of ANC can
promote microorganisms' activities, accelerate the decomposition of organic substances, and improve
the flocculation of organic suspended solids and colloidal substances to prevent hypoxia. Heavy
metals are generally more toxic in a free ionic state. Carbonate in water can complex with and even
precipitate them, which reduces the concentration of free metal ions. Linsley Pond's ANC generally
increases with depth (Fig. 2.12). The ANC of water is affected secondarily by photosynthesis and
respiration in the water via N and S in the organic compounds involved. The diurnal change of ANC
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is related to the intensity of biological activity in the lake. However, it is generally smaller than the
seasonal variation. In Linsley Pond, ANC rose seasonally in 2018. Its minimum was 1.9 meq/L at 1
m in May, and a maximum of 3.3 meq/L at 12 m in Oct (Fig. 2.12). Even the lowest value
represents good resistance to acidification.
Dissolved organic carbon (DOC) usually refers to an organic substance that can pass through a
0.45 μm filter membrane and is not lost via evaporation in the analysis process. It can include both
truly dissolved substances and colloids. The carbon fraction of the organic substances oxidized
under standard measurement conditions is equivalent to about 40% of the mass of the organic matter,
most of the rest being H and O, with smaller amounts of N and S and other elements. The structure
of DOC is extremely complicated and variable, and the mass concentration in water tends to be low
(typically ≤ 10 mg C/L). Most DOC is complex macromolecules, sometimes referred to as humic
and fulvic acids. DOC is the sum of dissolved organic substances in the water body, and it often
plays an essential role in the biogeochemical cycles of trace elements and nutrients. It is closely
linked to phytoplankton's photosynthesis, the metabolism of organisms, and the activity of bacteria
in the water body by a complex set of reactions and interactions. The former produces DOC, while
the latter two mainly consume DOC.
The spatial and temporal distribution of DOC in Linsley Pond is shown in (Fig. 2.13a). It
vertically does not show a trend of monotonically increasing or decreasing. Its concentration is
slightly higher in the epilimnion and hypolimnion, lower in the metalimnion. A similar bi-modal
vertical distribution of DOC was measured in Linsley in 2003 (Fig. 2.13b) (Hu et al. 2006). In the
epilimnion, phytoplankton's photosynthesis dominates, resulting in a higher DOC concentration,
which peaks at 3 m (6.1 mg L-1) in August (Fig. 2.13a). As the temperature and light penetration
decrease in the metalimnion during stratification, respiration of organic matter surpasses the
photosynthesis of phytoplankton to dominate in this region, thereby forming a trough in the vertical
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profile of DOC, which reached its lowest value of 3.3 mg L-1 at 6 m in Oct. In the hypolimnion, the
decomposition and consumption of DOC, with minor net production, probably are most important,
leading to slightly elevated levels there, especially near the sediment surface. The DOC pattern is
interesting when compared to ANC (~ HCO3), Ca, and Mg. The latter three increase together in the
bottom water, suggesting the dissolution of CaCO3 from settling planktonic shells. However, one
would also expect the decomposition of soft parts that would produce a combination of HCO3 and
DOC. The HCO3 is evident after subtracting Ca + Mg (indicative of carbonate solids), but there is
not a corresponding DOC peak. This lack will be revisited in chapter 3 in the discussion about Co
complexing ligands.
DOC was found to have an inhibitory effect on the rate of nitrification in freshwater ecosystems
(Strauss and Lamberti 2000; Strauss and Lamberti 2002). According to the coincident DOC
deficiency and NO3- accumulation at similar depths in Jun and Oct, we hypothesize that nitrifying
bacteria outcompetes heterotrophic bacteria for available NH4+ when C: N is low, thereby increasing
the nitrification rate.
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Figure 2.12 Temporal and spatial variation of ANC in the water column of Linsley Pond in 2018
(Dots represent sampling times and locations)

Figure 2.13a Temporal and spatial variation of DOC in the water column of Linsley Pond in 2018
Note that almost all values fall in the narrow range between 4 and 5 mg L-1. (Dots represent sampling
times and locations)
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Figure 2.13b: DOC results for Linsley in 2003 (Hu et al. 2006). Units are mM of C.
The concentration of Chlorophyll-a (Chl-a) in the water body is mainly affected by temperature
and the availability of nutrients and light, and closely related to the level of photosynthesis (Fig.
2.14). Under the combined effect of opposite gradients of light from above and nutrients availability
in stratified lakes, Chl-a usually exhibits a maximum value at an intermediate depth in the water
column, which is referred to as the deep chlorophyll maximum (DCM). Studies have shown that
light attenuation has a more influential role than thermal stratification in predicting the DCM level,
which deepens with the clarity of lakes (Leach et al. 2018). Lake morphometry is considered to be
the best parameter for predicting the thickness of the DCM; larger lakes have thicker DCMs. The
formation of DCM could be triggered by phytoplankton activity via oxygenic photosynthesis. It also
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could be caused by the presence of PSB. In previous observations of Chl-a in Linsley Pond, an onsite analysis was found to underestimate the total chlorophyll concentration by as much as a factor of
10 in some cases (Hu et al. 2006). Therefore, we use the default relative Ch1-a data of the
fluorometer measurement to be used as a qualitative indicator of biological activity. The
concentration of Chl-a in Linsley Pond water peaked in summer 2018 and showed little variation in
vertical distribution except for August. It stayed below 10 units in May and Dec. As the water
temperature rose in June, the Chl-a level in the epilimnion and metalimnion increased because the
water temperature and light intensity were more suitable for the growth of phytoplankton, and then
the concentration of Chl-a accumulated with oxygenic photosynthesis. It peaked at a depth of 4 m
(the interface of the epilimnion and metalimnion) in mid-August. Probably because the growth of
phytoplankton is somewhat inhibited under strong light conditions on the surface of the water body
and limiting nutrients availability, in order to be able to reproduce in large quantities under more
suitable light conditions, some phytoplankton in the epilimnion moved down to the subsurface layer
and caused peaks in the upper metalimnion of 3800 units (3.5 log) (Fig. 2.14). Moreover, widespread
produced dissolved organic matter (DOM) has dual effects to alter primary productivity by
enhancing nutrient availability and inhibiting light availability, creating a unimodal relationship in
the pelagic primary production with the DOM concentration gradient (Fork et al. 2020). A similar
unimodal relationship between primary production and DOC was also observed with a threshold
DOC concentration (4.8 mg L−1) (Seekell et al. 2015), above which the DOC‐primary production
relationship is negative. This might also be the reason why the peak of Chl does not appear at a depth
of 3 m in Aug, where the peak of DOC appears, but right below it (4 m) coupling with a moderate
DOC concentration (4.6 mg L−1). Meanwhile, a secondary peak of Chl-a occurred at the interface
between the metalimnion and hypolimnion. The presence of purple sulfur bacteria was suggested by
the color of the sampled filter. Recent studies have also recorded that the Chl-a peak caused by PSB
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appears at the same depth in Linsley Pond during summer stratification (Hu et al. 2006; Wang and
Benoit 2017). Limited by light penetration, anoxia, and low temperature, the concentration of Chl-a
was relatively low in the hypolimnion, probably raining down from above. As the water temperature
declined from September and the input of external nutrients dropped, the concentration of Chl-a
gradually decreased throughout the lake. In mid-Nov, Chl-a was relatively higher in the hypolimnion
probably because of residual cells that had settled from above. When the water was mixed in Dec,
Chl-a dropped back to a level below 10 units throughout the whole water column.

Figure 2.14 Temporal and spatial variation of Chl-a in the water column of Linsley Pond in 2018.
Note log units. (Dots represent sampling times and locations, values are in arbitrary units)
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2.3.5 Cobalt and Manganese
Only a few trace metals are required as micronutrients by aquatic organisms, including Fe, Mn,
Cu, Zn, Mo, and Co. Cobalt is an essential element that can be used in the form of VB12 by most
freshwater species studied. The simplest kind of cobalt and manganese stratification in lakes with
clinograde oxygen curves (decreasing with depth) is an orthograde distribution (increasing with
depth). The similarities in concentrations of Co and Mn are evident during summer stratification:
very low in surface waters, and becoming much greater in the hypolimnion. Cobalt usually exists in
the +II oxidation state in terrestrial aquatic environments (pH 5 – 8) due to the redox potential of the
relevant Co (II) redox couples and the extremely low solubility of Co3+ and slow kinetic of Co (II)
oxidation to Co(III) (Collins and Kinsela 2010). In a system open to the atmosphere, there is the
possibility of stable formation of CoOOH(s) at neutral to basic pHs, but this solid is undersaturated if
there are even slight declines in pe and/or below pH 7 (Fig. 2.15).

Figure 2.15 Mosaic (Pourbaix) diagram of 10-9 M Co (total concentration) at 25°C in equilibrium
with atmospheric CO2 (𝑃𝐶𝑂2 = 3.16 × 10−4 𝑎𝑡𝑚) (Collins and Kinsela 2010)

Cobalt and ligands often generate substantial proportions of Co(+II) complexes in natural waters.
In oxic surface waters, the main form of manganese appears to be particulate Mn(IV) oxides (i.e.
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MnO2). In the reducing hypolimnion of productive lakes with a low pH, manganese is usually
enriched as soluble manganous ions, Mn2+ (Balistrieri et al. 1994). In some cases, the maxima of Mn
do not appear at the bottom of the lake, but at some intermediate depth. Since manganese is more
easily reducible than iron, Mn enrichment starts at a higher redox potential. In addition, re-oxidation
is kinetically slow, which results in a significant amount of manganous ion accumulating at a redox
potential slightly greater than that at which ferrous iron appears. Manganese is eventually removed
from the metalimnion or upper part of the hypolimnion via precipitation and settling, leading to a
heterograde Mn curve (Hutchinson 1957). Mn reduction is also caused by bacterial activity. It can be
achieved by direct cell contact with manganese oxides, which act as the terminal electron acceptor
for respiration (Bratina et al. 1998), or indirectly through microbial metabolites of sulfate-reducing
bacteria, which produces sulfide as the electron donor.
Cobalt and Mn profiles were similar in both epilimnion and metalimnion (though not the
hypolimnion) in 2017, increasing with depth to about 9 m (Fig. 2.16). Many other trace metals (e.g.,
Cd and Pb) are adsorbed to particulate matter that is produced biologically or derived from land,
explaining their low levels in surface waters. Mn is low in the epilimnion, but unlike these other
metals, because it is oxidized to insoluble Mn (+IV). Cobalt is low in surface waters but is present
mainly in dissolved forms, similar to Cu. The concentrations of both dissolved and total Co and Mn
in the epilimnion are very low (subnanomolar) and increase with depth in the metalimnion, reaching
the highest concentration across the redoxcline (ca. 9 m), representing the reduction and dissolution
of Mn oxide phases. Given the peak of PSB abundance at 8-9m (in 2018 though, should be similar in
these two years according to the results of auxiliary parameters qualitatively), reductive dissolution
of MnOx was suggested to be closely related to the bacterial activity and then triggered the release of
dissolved Co, which is consistent with other previous studies (Taillefert et al. 2002).
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However, in the hypolimnion, the two metal profiles exhibit separate patterns. While Mn
concentration remains very high with increasing depth below 9 m, the Co concentrations of the
anoxic zone decrease swiftly vertically, which is a typical dissimilarity between Mn and Co profiles
in the anoxic zone, caused by the formation of CoS below the redoxcline (Green et al. 1989).
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Figure 2.16 Temporal and spatial variation of dissolved metal (Co and Mn) concentrations in the
water column of Linsley Pond in 2017 (Dots represent sampling times and locations)
In 2018, the Co and Mn profiles (Figs. 2.17 & 2.18) are similar to each other, though different in
some ways from 2017. The correlations between Co and Mn have R2 values of 0.90 and 0.92 in
dissolved and total concentrations, respectively (n = 98). But unlike in 2017 (R2 = 0.92, n = 84 in the
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dissolved form), both dissolved Co and Mn show stable elevated concentrations throughout the
hypolimnion during summer stratification (Fig. 2.17). Moreover, the peak of dissolved Co in 2018 is
20 percent higher than in 2017.
For the 2018 data, there are also minor peaks in the metalimnion in August for both Co and
Mn, co-occurring with the Chl-a maxima at the same time and depths. Since the DO in the
epilimnion and metalimnion is relatively high in June 2018, which triggers efficient nitrification by
nitrifying bacteria. Since the bacterial activity of PSB that includes metal-reducing species is still
weaker during early summer, the concentration of dissolved Co and Mn is correspondingly low.
According to the comparison of dissolved fraction of Co and Mn in Fig. 2.19 (92% and 77% on
average, respectively), Co is mainly in the dissolved form, its low particulate fraction is roughly
matching that of Mn in the epilimnion. Approximately 15% of the particulate fraction of Co appears
in the deep hypolimnion during stratification. Given that Mn is almost completely dissolved there,
this portion of Co may be considered as the indicator for CoS(s) produced. The dissolved fraction
Mn presents apparent orthograde patterns during stratification with insoluble Mn (IV) oxides in the
epilimnion and reduced soluble Mn2+ in the hypolimnion. Some particulate portions of Mn are also
shown in the suboxic, DOC-starved regions in Jun and Oct, where intermediate Mn (II) or (III)
oxides might form when bacterial Mn reduction is not sufficient. Therefore, their hypolimnetic
accumulation principles are different. Mn is closely related to the redox conditions and
microorganism’s metabolism. And Co comes from the dissociation from manganese oxides and
diffusion from settled precipitates.
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Figure 2.17 Temporal and spatial variation of dissolved metal (Co and Mn) concentrations in the
water column of Linsley Pond in 2018 (Dots represent sampling positions)
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Figure 2.18 Temporal and spatial variation of total metal (Co and Mn) concentrations in the water
column of Linsley Pond in 2018 (Dots represent sampling positions)
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Figure 2.19 Temporal and spatial variation of the dissolved fraction (Co and Mn) in the water
column of Linsley Pond in 2018 (Dots represent sampling positions)
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2.4 Summary
Physical: The water temperature distribution of Linsley Pond reveals a classic dimictic lake.
During summer stratification, the surface to a water depth of 3 m is the epilimnion, 3 ~ 9 m is the
metalimnion, and the water at a depth below 9 m is the hypolimnion. The maximum temperature
difference between the surface of the lake and the bottom of the lake is 21.8 ℃ in August 2018. In
summer, the stratified thermal structure of Linsley Pond limits the material exchange between the
various water layers, which determines the chemical and ecological layering characteristics of the
lake: pH and DO both show a distribution similar to water temperature. The existence of the
thermocline significantly reduces the eddy-diffusion of oxygen from the upper to the lower waters;
respiration is greater than photosynthesis in the hypolimnion, and DO decreases significantly. The
bottom waters and the sediments consume oxygen due to various chemical and biological reactions,
leading to depletion of DO in the bottom water.
Background chemistry: The DO concentration at the bottom of the lake drops to near 0 mg·L-1,
over large depth-time intervals and nitrate and sulfate are consumed and ammonium and sulfide are
produced. Under hypoxic or anoxic conditions, acidic intermediates (e.g. fatty acids) produced by
the decomposition of organic matter in the sediment cause the pH to drop. Similarly, the transport of
accumulated CO2 to the upper water body is inhibited by the stratification of the water body, and a
further pH drop occurs. In Linsley Pond water, the abundance rank of the main cation and anion
follows the standard order for a moderately hard system with significant deicing salt contamination:
Na > Ca > Mg > K and HCO3 > Cl > SO4.SRP, the driving force of primary productivity, is limiting
in the epilimnion and is driven nearly to zero by biological uptake. Dissolved inorganic N and P are
enriched in the hypolimnion due to the barrier of the thermocline. The buildup of N and P nutrients
released from the sediments of Linsley Pond are some of the important consequences of hypoxia in
67

the hypolimnion being released quickly and in large quantities. The spatial and temporal distribution
of DOC is different from other parameters: its concentration in the epilimnion and hypolimnion is
higher than that in the metalimnion. This concentration peaks at 3 m (6.1 mg C L-1) in August. The
concentration of Chl-a in Linsley pond water shows metalimnetic maxima only in August, right
below the highest organic carbon position. Based on its location and two prior studies, it is likely that
this maximum is from PSB.

Cobalt biogeochemistry: The behavior of Co is similar to that in the handful of other stratified
lakes that have been studied. During summer stratification, the patterns of Co and Mn are similar,
very low in surface water, and reach the highest concentration across the redoxcline caused by the
bacterial activity of PSB. The different patterns of Co in the hypolimnion between 2017 and 2018 are
caused by the formation of CoS. Mn and Co are mainly in dissolved form. Higher epilimnetic
particulate Co is observed in July and August, corresponding to the highest DO and DOC,
respectively, indicating that cobalt is closely related to the photosynthesis of phytoplankton, the
metabolism of organisms.
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CHAPTER 3 COBALT SPECIATION IN LINSLEY POND
Abstract
Cobalt speciation is investigated in water samples from a small eutrophic lake, Linsley Pond,
North Branford utilizing ligand exchange with dimethylglyoxime (DMG) and cathodic stripping
voltammetry. Free aquo cobalt ion concentrations [Co2+] are determined in the range of 0.014 - 0.282
nM from Jun to Oct 2018. Despite the orthograde distribution for total dissolved Co, Co2+ is more in
shallow water, decreasing with depth. Natural organic ligand concentrations [L] are in a span from
0.7 - 8.1 nM, with conditional stability constants (as logK) in a range from 9.43 -11.13. Nearly all of
the Co is complexed with highly selective ligands suggesting three possible origins: (1) Co release
from Mn oxides (2) solubility of CoS(s), and (3) stabilization in solution via complexation by a
strong ligand. No obvious correlation between the dissolved organic carbon (DOC) and [L] is
observed in this study. The hypothesis that the biological activity of plankton in Linsley Pond might
be limited by micronutrient Co is not supported. Cobalamin (VB12) is determined via enzymelinked immunosorbent assay (ELISA) ranging from 0.033 – 0.048 nM in this lake.

3.1 Introduction
3.1.1 Trace Metal Speciation in Freshwater
The distribution, fate, and transport of trace metals are important issues in aquatic systems. Trace
metal speciation is a frontier topic in modern analytical chemistry, with important scientific
significance and practical value for the protection of the environment. Trace metals such as cobalt,
copper, iron, magnesium, selenium, and zinc are essential to living things and are needed in trace
levels as micronutrients to sustain critical functions, especially as central atoms in enzymes. Yet,
they become toxic and have adverse impacts on aquatic organisms at high concentrations. Many
other metals -- like Pb and Hg -- are never micronutrients, but only function as toxins. Since the
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1970s, environmental scientists have recognized that the geochemical behaviors and biological
toxicity of trace metals are not related to their total amount, but are determined by their chemical
forms, i.e. speciation (Sunda and Guillard 1976). Measurement of total concentration is no longer
sufficient to assess their biogeochemical characteristics in aquatic systems, where the presence of
metal-binding ligands, in particular DOM, has been found to significantly weaken the toxicity of the
trace metal by forming stable metal complexes with the free aquo metal ions. With free ion activity
of trace metals being considered a representative parameter for the evaluation of their bioavailability
(Paquin et al. 2002), complexation has been proposed to provide more comprehensive information
on metal impacts and to establish more reasonable water quality standards (Allen and Hansen 1996).
Compared to seawater, which is characterized by its nearly constant composition of the major
ions as well as a high pH and ionic strength, freshwater systems are more complex with variable
temperature, pH, and composition, and with generally higher levels of DOM. Trace metal ions are
bound in a variety of chemical forms in freshwater with various types of ligands, both inorganic and
organic, in particular humic and fulvic acids (Sigg and Behra 2005). Dissolved organic matter plays
a principal role in interaction with metal ions due to a wide range of sizes and chemical properties
(especially binding strength and specificity). Distinguishing free metal ions and complex forms with
organic ligands with the aid of advanced analytical methods and clean techniques is imperative for
trace metal speciation investigations.

3.1.2 Competitive Ligand-Exchange-Voltammetric Methods for Speciation of
Trace Metals in Freshwater
The development of analytical approaches has enabled research on trace metal speciation. In the
1970s attempts were made to apply ion-selective electrodes (ISEs) to distinguish between free metal
cations and their complex forms in river and lake waters (Bresnahan et al. 1978; Buffle et al. 1977;
Gardiner 1974). However, its relative insensitivity made this method unsuitable for most natural
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waters, in which trace metals are typically in the nanomolar range or lower, and below the detection
limit of ISEs (Sigg and Behra 2005). Voltammetric measurements were developed to bridge the gap
to indirectly determine chemical complexation parameters, such as conditional stability constants
and ligand concentrations with better sensitivity and extensive selectivity (Buffle and TercierWaeber 2005; Pesavento et al. 2009; Xue and Sigg 2002).
Anodic stripping voltammetry was first used to distinguish between labile and nonlabile forms of
metal ions by titrating water samples with metal standards (Batley 1986; Batley and Florence 1975;
Zur and Ariel 1977). To further distinguish between free metal cations and some portion of the
organically complexed metal in their labile forms, a competitive ligand-exchange (CLE) was then
introduced followed by adsorptive cathodic stripping voltammetry to make it possible to backcalculate the free metal ion concentrations and the comprehensive information of metal speciation in
the original water samples (Buck et al. 2012; Lam et al. 1999; Nason et al. 2012b; Qian et al. 1998;
Xue and Sunda 1997; Xue et al. 2001).
The theory of the competitive ligand exchange/adsorptive cathodic stripping voltammetry
(CLE/AdCSV) is shown as follows (Xue and Sigg 2002): the mass balance in the original water
sample is:
[M]T = [M 2+ ] + ∑[MIi,x ] + ∑[MLo ]
Where [M]T is the total dissolved metal concentration; [M 2+ ] is the free metal concentration; [MIi,x ]
is the concentration of inorganic complexes, [MLo ] is the concentration of organic complexes.
The stability constant β for a complex with a number of inorganic ligand Ii is defined as

βIi,x =

[MIi ]
[M 2+ ][Ii ]x
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A conditional stability constant K for each natural organic ligand is defined as (assuming a 1:1
stoichiometry)

K Lo =

[MLo ]
[M 2+ ][Lo ]

The metal species are distributed in a new mass balance as follows after adding a competing ligand
A,
[M]T = [M 2+ ] + ∑[MIi,x ] + ∑[MLo ] + ∑[MAz ]
The stability constant β for a complex with a number of added competing ligand A is defined as

β Az =

[MAz ]
[M 2+ ][A]z

In general, only z = 1or 2 is taken into account. Higher values may be realistic, but including them
becomes an exercise in modeling noise. The natural metal species [M]nat is defined as the sum of
the free metal, inorganic complexes, and natural organic complexes at the new equilibrium:
[M]nat = [M 2+ ] + ∑[MIi,x ] + ∑[MLo ] = [M]T − ∑[MAz ]
αi and αA are the complexing coefficient of inorganic and competing ligands respectively,
representing the sum of the products of their respective stability constant and free ligand
concentrations.
∑[MIi,x ] = [M 2+ ] ∑(βIi,x [Ii ]x ) = [M 2+ ]αi

∑[MAz ] = [M 2+ ] ∑(βAz [A]z ) = [M 2+ ]αA
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Although the natural organic complexes are not electrochemically labile and cannot contribute to the
voltammetric signal, by titrating the metal standards, they will be saturated at high metal
concentrations when the total metal concertation is proportional to the voltammetric peak current ip .
S is called the slope of the internal calibration curve.
ip = S ([M]T − ∑[MLo ]) = S ([M 2+ ] + ∑[MIi,x ] + ∑[MAz ]) = S[M 2+ ](1 + αi + αA )

[M 2+ ] =

ip
S(1 + αi + αA )

Where 1 + αi is negligible compared to a much higher αA in most cases.
The conditional stability constants (K) and concentration of the natural organic ligand ([L]) can be
extracted graphically via van den Berg-Ruzic plots (Ruzic 1982; Van Den Berg 1982) or numerically
by fitting programs like MINEQL.

3.1.3 Cobalt speciation and Biogeochemistry in Freshwaters
A review of the literature indicates that there is limited information about the speciation and
biogeochemistry of cobalt in freshwater. Total dissolved Co concentrations in diverse water bodies
are generally low, but with large variation (Blust 2011), from 1.8 to 5,800 ng·L-1 in river waters and
1 to 350 ng·L-1 in freshwater lakes (Collins and Kinsela 2010). Although some higher levels were
reported for uncontaminated systems, it should be noted that they are either from early measurements
(Durum and Haffty 1963), which were probably hampered by high detection limits, possible
contamination artifacts, or measurements of anoxic waters in stratified systems (Balistrieri et al.
1992). In the latter, Co levels are commonly higher than in oxic waters, probably due to release from
Mn oxides (Mn [IV]) solubilized by reduction to Mn (II) (Burns 1976; Lienemann et al. 1997;
Murray 1975).
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Differential pulse adsorptive stripping voltammetry was successfully applied to determine the
total dissolved Co concentrations by using dimethylglyoxime (DMG) in Milli-Q water (ultrapure
water) (Hao et al. 1988) and seawater (Zhang et al. 1990). The new method makes it feasible to
measure trace Co levels and its speciation in oxic waters, which are more common, and where
cobalt’s potential role as a micronutrient is more important. Competitive Ligand Exchange
Adsorptive Stripping Voltammetry (CLE-AdsSV) was used to evaluate cobalt speciation for
freshwaters in Switzerland with DMG as the competing ligand (Qian et al. 1998). Conditional
stability constants of these complexes were in the range of log K = 9.5 - 11.6. Moderately strong
complexation was observed, with ratios of [Co2+]/Co(tot) in the range of 3 – 10%, except for some
values up to 30% at 2m in Lake Biel, therefore, Co was bound to strong organic complexes to a large
extent, which accounts for 80-96 % of the total dissolved Co (Sigg and Behra 2005). Since then, the
method was often used for simultaneous determination of chemical speciation of Co and Ni, since
their complexes with DMG are both well-quantified voltammetrically (Chakraborty and Chakrabarti
2006; Jansen et al. 2005). Given its extensive complexation, along with its initially low abundance in
freshwater and critical biological needs, Co is a particularly promising candidate for the study of
potential micronutrient limitation. Nevertheless, there have been only a handful of lakes where
dissolved Co has been measured (especially in oxic waters) and few studies have been carried out to
explore the key characteristics like quantitative and speciation distribution in freshwaters. Moreover,
time-series measurements were not usually made. Only individual samples were tested in most
previous studies providing a single “snapshot”. Therefore, this study tries to close the gap and
probably be the first-ever study of the spatial distribution and seasonal variation of cobalt speciation
determination in a stratified lake with a view to understanding possible micronutrient limitation. The
approach proposed can probably be extended to other metals and lakes in the future.
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3.1.4 Measurement for cobalamin in Freshwater
Vitamin B12, also known as cobalamin, is a unique water-soluble vitamin. It is the largest and
most structurally complex of all types of vitamins, and it is also the only metal-containing vitamin
(containing a cobalt atom in the center of its corrin ring structure) (Fig. 3.1). Cobalt can be used in
the inorganic form by all freshwater species that have been studied so far. The biological use of
cyanocobalamin (vitamin B12) was found much more efficient than ionized cobalt (Holmhansen et al.
1954), yet there are very few measurements of vitamin B12 in freshwater. A method for detecting
microorganisms from a pond in the New York Botanic Garden that synthesizes vitamin B12 in a
mixed culture was developed in the 1950s (Robbins et al. 1950). Vitamin B12 was measured by
bioassay in a vertical series of samples from Linsley Pond, the same site of the current study (Benoit
1957). The average content was 0.08 ppb, and its proportion of the total cobalt in water was between
2% and 13%, higher in the epilimnion. Since then, a few studies had been done using this kind of
indirect measure (Daisley 1969; Gillespie and Morita 1972; Nishijima and Hata 1977; Ohwada et al.
1972; Ohwada and Taga 1972). However, this method also has many disadvantages: less accurate,
less designed specifically, time-consuming, and cumbersome. (The bioassay method is based on
making an organism B12 limited, and monitoring its growth compared to calibrated samples.) With
the use of different new methods for the measurement of vitamin B12 in seawater, such as ReversedPhase High-Performance Liquid Chromatography (HPLC) (Okbamichael and Sanudo-Wilhelmy
2004) and highly sensitive and specific ELISA (Zhu et al. 2011), we tried for the first time to
measure the vitamin B12 level in freshwater using the ELISA method to make up for the deficiencies
of the traditional bioassay method.
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Figure 3.1 Chemical structure of vitamin B12
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3.2 Method
3.2.1 Sampling and Analyses
Freshwater samples were taken from Linsley Pond, a freshwater lake located in North Branford,
CT (41.3ºN, 72.8ºW) with an average surface area of 9.4 ha, and a maximum depth of 14.8 m
(Brugam 1975). All steps of sample collection, handling, and transportation were strictly per clean
techniques to avoid potential contamination of the samples (Benoit et al. 1997). 250ml HDPE bottles
were used to collect samples every meter in the lake water column monthly from May to Nov 2018
with a peristaltic pump (Masterflex; Cole Palmer). Samples were filtered through 0.45-µm Millipore
Durapore filters on-site and stored at 4 °C until DPCSV determination within 5 days. Total dissolved
Co was measured by ICP-MS (Perkin Elmer ICP-MS Elan DRC-e). Co titrations were conducted in
a Class 100 cleanroom. Major anions and cations were determined by ion-exchange chromatography,
and the ANC was determined by titrating to pH 4.5 with 0.1 M HCl.

3.2.2 Co titration
Cobalt speciation was evaluated via CLE-AdCSV with dimethylglyoxime (DMG) as a competing
ligand (Qian et al. 1998; Saito and Moffett 2001). For Co titration analysis, aliquots of 10 ml
samples were transferred to a series of acid-cleaned 15-mL polyethylene tubes, to which 1000 ppm
Co ICP-MS standard solution was added to all tubes but one, giving a final concentration ranging
from 0 to 8 nM in 10 increments. 300 µL of HEPES buffer (containing 1 M HEPES and 0.6 M
NaOH) was added to each tube to give a final concentration of 0.03 M and pH 7.95 ±0.02. 50 µL of
DMG stock solution (0.01 M, prepared in HPLC-grade methanol) was added to all tubes to reach the
same desired concentration (5 µM).
These sets of solutions were kept at room temperature and allowed to equilibrate overnight
before CLE/AdCSV measurements. This step is necessary because of the known slow kinetics of the
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species equilibration. The CLE/AdCSV analysis was performed on a Metrohm 797 VA system
equipped with an HMDE (hanging mercury drop electrode) as the working electrode, an
Ag/AgCl/KCl (3 M) reference electrode, and a platinum rod as the counter electrode. For Co
titrations, a 10 ml water sample was transferred into a glass measuring vessel and purged with
suprapure N2 for 5 min before CLE/AdCSV analysis. Co was accumulated onto Hg drop at a
potential of -750 mV for 70 s. The deposition step was followed by a 30 s equilibration period and
then the Hg drop was stripped by scanning the potential from –850 mV to –1100 mV in the
differential pulse mode (sweep rate: 13.2 mV/s; pulse amplitude: 50 mV; pulse time: 40 ms; voltage
step 4 mV; voltage step time 0.3 s). Each subsample of any titration series was measured twice, the
average value of them was used to compute [Co]lab.

3.2.3 Vitamin B12 Measurement in Freshwater
ELISA kits from Aviva Systems Biology (Aviva Systems Biology 2020) based on a competitive
enzyme immunoassay technique was used for VB12 measurements (Fig. 3.2). 50 µl standards or lake
water samples were transferred into the wells of the microplate pre-coated with an anti-VB12
antibody. Duplicates of each standard, sample, or blank were also applied. A fixed quantity of
biotinylated VB12 was added and incubated, competing with the VB12 found in the sample or
standards for limited binding sites on the immobilized anti-VB12 antibody. The plate was then
covered with foil and incubated for 60 min at 37℃. Excess unbound biotinylated VB12 and sample or
standard VB12 were washed from the plate. After rinsing with washing buffer three times to flush
excess unbound VB12 from the plate, the plate was incubated with a secondary antibody, AvidinHRP conjugate, in the dark for color development for 45 min at 37 ⁰C. By adding TMB substrate, an
enzymatic reaction was then produced. The substrate was further catalyzed by the immobilized HRP
to generate a blue color product. After 100 µl of acidic stop solution was added to each well to halt
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the enzymatic reaction and change the blue color to yellow, the plate was immediately put into a
standard microplate reader to measure the density of yellow coloration by recording the absorbance
at 450 nm. The reading is quantitatively proportional to the amount of biotinylated VB12 bound in the
well and inversely proportional to the amount of VB12 contained in the sample or standard solution.
To analyze the measurement results, the relative optical density at 450 nm (OD450) for each test
or standard is calculated as follows:
(Relative OD450) = (Well OD450) – (Mean Blank Well OD450)
A standard curve was generated by plotting the average duplicate Relative OD450 of standard
serial dilution points vs. the respective standard concentrations. The concentration of VB12 contained
in the samples was obtained by interpolation using linear regression of each average sample Relative
OD450 against the standard curve.
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Figure 3.2 Assay summary of VB12 ELISA Kit (Aviva Systems Biology 2020)
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3.3 Results and Discussion
3.3.1 Co titration with DMG as competing ligand
The concentration of DMG (5 µM) used in this study was determined by DMG titration. When
DMG was added to the cobalt solution, Co (II)-DMG complex forms, and the peak current increases
until all cobalt was complexed by DMG. Beyond that level no additional Co (II)-DMG complex was
formed, so the peak current becomes stable, thereby forming a plateau on the curve. A volume of
0.03 M HEPES was added to all samples to stabilize the pH and enhance the CLE/AdCSV
sensitivity. Per recommendations in the literature and our deposition potential scan of the freshwater
samples, the deposition potential was chosen to be -0.75 V.
A representative curve for Co titration in the freshwater samples with 5 µM DMG in terms of
peak current (ip) as a function of [Co]T at the deposition potential of −0.75V is shown in Fig. 3.3. It
has a concave part at lower [Co]T signifying that not all of the total Co was bound by DMG, that is, a
suitable competing ligand (DMG) concentration was used. On the one hand, the complexes might
not be measurable if the added ligand concentration is too low. On the other, ligand added at too
high, a concentration would outcompete all the natural ligands for the studied metal (Xue and Sigg
2002) and the curve would be entirely a straight line. In this example, the natural organic complexes
saturated only at high Co concentrations leading to a linear relationship at higher [Co]T when the
total Co concertation ([Co]T) is proportional to the voltammetric peak current ip. The slope of the
linear portion, i.e. the CLE/AdCSV sensitivity S for labile Co in each water sample was employed as
the internal calibration curve, which is then used as part of the Co speciation calculation.
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Figure 3.3 Typical titration curve of Linsley Pond water (Sept. 17, 2018, at a depth of 7 m) using
CLE/AdCSV with a hanging mercury drop electrode (HMDE)
According to the Ružić-van den Berg transformation, a linear correlation between the
concentration of free Co ion ([Co2+]) and the concentration ratio of free Co ion to that of Co
complexed by natural organic ligand ([Co2+]/[CoL]) is evidence that a single type of organic ligand
or a group of organic ligands with a similar binding constant is present in the original water sample.
Fig. 3.4 shows a linear correlation (R2 = 0.997) between these two terms using the Ružić-van den
Berg transformation assuming the formation of a 1:1 complex. Based on this linear correlation, the
titration data sets of [Co2+] and [CoL] were used to derive the complexation parameters, such as
conditional stability constants and concentrations of natural ligands by fitting the data with the oneligand model.
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Figure 3.4 van den Berg-Ruzic linear transformation of Co titration data with 5µM DMG for the
Linsley Pond sample collected at the depth of 7 m on Sept. 17, 2018.

3.3.2 Co speciation
The sensitivity of the results to the term αi was checked by calculating the sum of the products of
stability constant and concentration of inorganic ligands for a couple of the samples; only negligible
changes to the calculated log K and [Lt] were found, supporting the reliability of our results. This
means that the influence of inorganic ligands on cobalt complexation could be neglected, and organic
ligands dominate the cobalt complexation in Linsley Pond. This also matches the known relatively
weak stability constants for Co-ligand interactions with hydroxides and carbonates. In addition to
samples from Jun to Oct (Table 3.1), samples in May and Nov were also titrated by 10 increments,
but in a wider Co concentration range. The measurements of some samples for these two months
produced atypical curves (Fig. 3.5) that could not be fitted by the van den Berg-Ruzic linear
transformation. For example, for the 1 m water sample in May, an almost straight titration line was
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obtained, indicating that the added competing ligand in the water sample was too high compared
with the natural ligand level (Fig. 3.5). It is also hard to use van den Berg-Ruzic linear
transformation to fit the straight line, let alone the slight convex lines with a higher concentration of
titrated Co. In another case, a plateau that appears during the titration process might be explained if
the added competing ligand is gradually saturated with the titrated Co, which causes a flattening of
the slope. But the rise again afterward is puzzling; such a stepwise titration curve of the water
sample at 10 m occurred in May (Fig. 3.5). The possible explanation is that there is a second group
of natural ligands in deep water whose conditional stability constants are not within the detection
window of this methodology. A theoretical solution is to pre-determine the optimal concentration of
added competing ligands for each water sample to deal with their individual ambient ligand
composition corresponding to various times and depths. However, that may make the methodology
extremely cumbersome and different samples not comparable to each other.
Because of these anomalies, only the samples from Jun to Oct were used to elucidate the spatial
distribution of Co speciation. Examination of more complicated speciation outside this seasonal time
window could be the subject of future investigations. As shown in Table 3.1, within the detection
window used in this study, the conditional stability constant, log K, was in the range from 9.43
(June, 10 m) to 11.13 (Sept 4 m), a factor of about 50 in ligand strength, K. The ligand abundance, L,
was comparatively constant, varying by only about a factor of 10. The Co speciation, conditional
stability constants, and the ligand concentrations of the Linsley Pond samples determined with DMG
are shown in Table 3.1.
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Figure 3.5 Atypical titration curves of Linsley Pond water (May 11, 2018)
The limitations of this method for measuring such thermodynamically stable metal complexes
have been discussed (Collins and Kinsela 2010; Van Leeuwen and Jansen 2005; Van Leeuwen and
Town 2005). It is believed that the stability constants of Co complexes in ocean water reported by
this methodology may be inaccurate owing to an upper detection limit of Co complexes with stability
constants ∼1011. Nevertheless, this methodology should still be applicable to a considerable part of
freshwater environments, where >50% Co complexation has been observed in most studies
examining Co speciation in terrestrial waters (Fasfous et al. 2004; Sekaly et al. 2003; Warnken et al.
2007). Notably, if there are even stronger ligands than were measurable in our detection window,
our estimates of [Co+] are overestimated. Also note that any stronger, unmeasured ligands can be
expected to be less abundant than those we measured, and that average [Co]Tot / [L] ≈ 60%. This
would likely mean that the concentration of still stronger ligands would be less than that of the Co
and unable to have a quantitatively important effect.
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Voltammetric titrations have been criticized for having a tendency for there to be an inverse
correlation between K and L, and that K × [L] tends to be constant. (To some extent this is to be
expected as a real phenomenon; it seems likely that there will be fewer complexation sites ([L]) of
increasingly stronger types, K). Beyond that, we plotted these two characteristics (Fig. 3.6) and find
no correlation in our data. It should be noted also that K × [L] in our measurements covers a range
of almost two orders of magnitude (Table 3.1), further supporting the independence of these two
characteristics.
Table 3.1 Vertical Co speciation in Linsley Pond from Aug to Oct 2018
Date
Jun 7

Jul
13

Depth
(m)
0
1
2
3
4
5
6
7
8
9
10
11
12
13
Ave
Stdev
0
1
2
3
4
5
6
7
8
9
10
11

[Co]T
(nM)
0.56
0.49
0.54
0.55
0.47
0.48
0.46
0.42
0.46
0.48
0.51
0.72
0.85
0.88
0.56
0.14
0.90
0.79
0.78
0.99
1.02
1.05
1.12
1.43
1.67
1.85
1.93
2.64

Co2+
(nM)
0.019
0.047
0.044
0.027
0.050
0.019
0.022
0.014
0.037
0.030
0.030
0.040
0.054
0.063
0.036
0.014
0.282
0.101
0.124
0.108
0.074
0.099
0.140
0.071
0.062
0.030
0.076
0.049

Co2+/[Co]T
%
3.4
9.6
8.2
4.9
10.5
3.9
4.9
3.4
8.2
6.2
6.0
5.5
6.4
7.2
6.3
2.1
31.3
12.7
15.8
10.8
7.3
9.4
12.5
4.9
3.7
1.6
3.9
1.9

CoL
(nM)
0.54
0.44
0.49
0.52
0.42
0.46
0.43
0.40
0.42
0.45
0.47
0.68
0.79
0.81
0.52
0.13
0.56
0.67
0.64
0.86
0.94
0.95
0.97
1.35
1.60
1.82
1.85
2.59
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L
(nM)
3.5
1.1
4.3
1.4
1.8
1.7
2.3
2.2
2.4
1.5
3.6
3.7
2.6
3.1
2.5
0.9
1.8
2.5
1.4
1.0
3.1
1.0
4.7
2.5
2.5
2.5
2.7
3.6

K × [L]
31.9
13.0
13.8
11.1
11.3
38.8
10.3
37.6
12.9
8.8
9.7
20.4
28.5
22.9
19.4
10.3
10.1
10.4
4.8
21.1
26.0
54.6
22.5
51.5
144.9
333.3
104.2
185.2

DOC
(mg·L-1)
4.4
4.3
4.8
3.9
3.8
3.8
3.6
3.7
3.8
4.4
4.0
4.1
4.4
4.6
4.1
0.4
4.3
4.4
4.6
3.9
3.7
3.9
3.7
3.9
3.9
4.0
4.3
4.2

Aug
15

Sept
17

Oct
17

12
13
Ave
Stdev
0
1
2
3
4
5
6
7
8
9
10
11
12
13
Ave
Stdev
0
1
2
3
4
5
6
7
8
9
10
11
12
13
Ave
Stdev
0
1
2
3
4
5
6
7
8
9

2.92
2.95
1.57
0.75
0.44
0.66
0.67
0.84
1.13
1.15
1.39
1.59
1.97
2.39
3.12
2.90
2.69
2.66
1.69
0.89
0.81
0.78
0.88
0.81
0.89
1.03
1.54
1.93
2.37
2.71
3.14
2.93
2.97
2.85
1.83
0.93
0.75
0.75
0.77
0.69
0.81
1.16
1.50
2.17
2.68
2.92

0.071
0.036
0.094
0.060
0.094
0.087
0.123
0.060
0.066
0.120
0.030
0.039
0.118
0.056
0.105
0.050
0.015
0.026
0.071
0.036
0.059
0.035
0.043
0.038
0.055
0.035
0.109
0.023
0.122
0.042
0.023
0.021
0.026
0.039
0.048
0.030
0.101
0.068
0.061
0.024
0.036
0.028
0.142
0.059
0.078
0.026

2.4
1.2
8.5
7.8
21.1
13.2
18.3
7.1
5.9
10.5
2.2
2.5
6.0
2.4
3.4
1.7
0.5
1.0
6.8
6.3
7.2
4.5
4.9
4.8
6.1
3.4
7.1
1.2
5.1
1.6
0.7
0.7
0.9
1.4
3.5
2.3
13.5
9.0
7.8
3.5
4.5
2.4
9.5
2.7
2.9
0.9

2.84
2.91
1.47
0.79
0.34
0.56
0.53
0.78
1.06
1.02
1.36
1.55
1.84
2.33
3.01
2.85
2.68
2.63
1.61
0.91
0.74
0.74
0.83
0.77
0.83
0.99
1.43
1.91
2.24
2.67
3.11
2.91
2.94
2.81
1.78
0.93
0.64
0.68
0.70
0.66
0.77
1.13
1.35
2.11
2.60
2.89
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4.1
4.0
2.7
1.1
2.1
1.0
0.8
2.0
4.0
1.1
5.9
5.2
3.3
6.9
3.6
7.3
8.1
8.1
4.2
2.6
1.0
2.1
1.7
2.0
1.0
2.0
3.1
3.8
2.7
3.6
4.5
5.9
5.6
4.4
3.1
1.5
1.0
1.4
1.0
0.7
1.5
2.1
2.0
3.9
3.1
4.8

217.4
434.8
115.8
129.1
6.9
11.1
23.6
53.5
25.8
34.5
57.5
56.5
39.2
70.9
303.0
163.9
232.6
263.2
95.9
97.1
46.5
26.5
54.1
50.3
89.3
84.7
24.4
178.6
163.9
263.2
243.9
217.4
277.8
294.1
143.9
97.3
56.8
27.3
75.2
53.5
41.2
158.7
45.7
112.4
126.6
256.4

4.3
4.3
4.1
0.3
4.9
4.8
4.5
6.1
4.6
3.9
3.9
3.8
3.9
4.0
4.2
4.3
4.3
4.3
4.4
0.6
5.2
5.1
5.5
4.7
4.4
3.7
3.7
3.8
3.9
4.2
4.2
4.4
4.6
4.9
4.4
0.6
4.9
5.4
4.8
5.1
5.2
3.4
3.3
3.6
3.9
4.0

10
11
12
13
Ave
Stdev

3.03
3.02
3.34
2.85
1.89
1.02

0.029
0.088
0.024
0.051
0.058
0.034

1.0
2.9
0.7
1.8
4.5
3.7

3.00
2.93
3.31
2.79
1.83
1.02

5.5
6.6
6.2
3.5
3.1
1.9

123.5
71.9
149.3
250.0
110.6
70.6

4.1
4.9
4.7
4.5
4.4
0.7

The average total dissolved Co concentrations for various months was in the range of 0.56 - 1.89
nM (Table 3.1). June was unusual in that the average [Co]T was 0.56 ±0.14 nM, which was
significantly less than that in the other four months. Its changes in concentration with depths were
smaller -- leading to a lower standard deviation – perhaps a result of weaker stratification. The
average values in Jul through Oct were more than three times higher than the June average, ranging
from 1.57 nM to 1.89 nM, while the variation of concentration with depth was also much larger than
that in June and increased month by month representing the thorough stratification as well as
hypolimnetic Co accumulation. Average [Co2+] for various months were in the range of 0.036 0.094 nM (Fig. 3.7a), with the peak in Jul and the smallest mean and standard deviation in Jun
(Table 3.1); however, the differences in the mean and standard deviation were not so large between
Jun and the other four months, compared with [Co]T, resulting in a higher [Co2+] fraction in the
epilimnion and lower in hypolimnion from Jun to Oct (Fig. 3.7b). [CoL] accounted for most of the
[Co]T, with a trend similar to [Co]T. The Co complexes with natural organic ligands were the
predominant form of [Co]T accounting for 63 % (Jul, 0 m) to 99 % (Aug, 12 m) in these samples.
The average DOC, which is proportional to DOM, was nearly constant (about 4.3 mg·L-1) in
different months, with little vertical variation, and there was no significant correlation with the
concentration of natural ligands in this study (Fig. 3.6). To the extent that Co-complexing ligands
are a subset of the DOC, it appears that this overall measure (oxidation and measurement of
produced CO2) is a poor predictor of the abundance of strong natural ligands in Linsley Pond. Hu et
al. (2006) showed that certain thiols, as well as sulfide itself, are abundant in the bottom waters of
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Linsley in the middle nM to µM range. Thiols with stability constants having Cu•L logK values in
the 12 – 14 range and with ligand concentrations similar to what we measured have been
documented in estuaries (Al-Farawati et al. 2016; Laglera and Van Den Berg 2003). It seems quite
possible then that the Co-complexing ligands we measured are a minor (in abundance) S-containing
compound that does not match the distribution pattern of gross DOM.
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Figure 3.6 Independence of (1) conditional stability constants (K) and concentration of the natural
organic ligand ([L]) (R2 = 0.002) (2) DOC vs [L] (R2 = 0.02)

The concentration of free [Co2+] was extremely low (10-11 M level) in general at various depths
and months (Fig 3.7a). Since the [Co]T demonstrated an obvious stratification pattern, the ratio of
[Co2+] to [Co]T revealed a rough orthograde pattern (Fig. 3.7b). The [Co2+] proportion in June was an
exception, appearing as a relatively stable proportion (5%) at various depths of Linsley Pond. In the
other four months, all maximum values of the ratio appeared at the water surface, 31%, 21%, 7.3 %,
and 13.5 % respectively. The proportion of free Co generally decreased with water depth and
accounted for a similar proportion (1%) at the bottom. Co has the lowest total concentration in the
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epilimnetic water but the highest free ion portion in the lake surface water, which verifies that the
total concentration of the metal does not represent its bioavailability.
Natural ligand concentrations (Fig. 3.7c) were generally at a nanomolar level, varying between
1.0 nM to 8.1 nM across various water depths, but always greater than the total Co concentration,
[Co]T, by about a factor of 2. The water column maintained a similar amount of ligand in June,
regardless of depth. However, in the other four months, the ligand concentration ranged from below
1 nM at the surface to about 4 - 8 nM in the lower half of the lake. The water samples from Jul to Oct
displayed similar trends in [L] (Fig. 3.7c), with the biggest variation in August. Linsley Pond had a
peak DOC (at 3 m) and Chl-a maximum (at 4 m) in August, which means that more highly active
biochemical reactions and microbial activities were taking place at the interface between epilimnion
and metalimnion that month. DOC and metabolism products of algae and cyanobacteria might be the
main components of the natural ligand. The high value (6.9 nM) at 8 m corresponds to the secondary
peak of Chl-a, PSB metabolism products via anoxygenic photosynthesis might form the natural
ligands at the interface between metalimnion and hypolimnion. And the peak at the bottom of the
lake (8.1 nM) is released from or at the bottom, possibly caused by the sulfur-containing amino
acids, and other compounds generated by SRB via anaerobic respiration. In such a process, sulfate is
taken up as a nutrient for the degradation of organic compounds, and organic carbon mineralization
(Muyzer and Stams 2008). Because of the very strong stability constant, K, Co effectively titrates L,
and [Co]T ≈ [CoL] (R2 = 0.997) and from Jul to Oct, [CoL] had a trend identical to [Co]T (Fig. 3.7d),
exhibiting a stratification pattern.
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(a)

(b)
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(c)

(d)

Figure. 3.7 Temporal and spatial distribution of (a) concentration of free Co2+ (b) portion of Co2+ of
[Co]T; (c) concentration of natural organic ligand; (d) concentration of Co complexes with the
natural organic ligand of the Linsley Pond samples in June through Oct 2018
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It is worth noting that free Co levels are close to saturation with CoS(s) assuming a Ksp of 4 ×
10-21 for the solid. Fig. 3.8 shows the profile distribution of sulfide in the water column of Linsley
Pond in 2003 (Hu et al. 2006) and Nov. 2018. Despite the only successful measurement in Nov., the
pattern of 2018 is the same as that of 2003, and the value is higher, by about a factor of 2 (still within
the same order of magnitude). Fig. 3.9 demonstrates the Co solubility with sulfide data in 2003 and
pH data in 2018. the patterns. Although there is some uncertainty in S (-II) because of using a
previous year's data, overall, the data do seem roughly consistent with control by CoS. Particularly,
precipitate CoS(s) is more likely to form in the hypolimnetic water in Jul and Aug (Fig. 3.9), further
explaining the difference of hypolimnetic Co patterns in 2017 and 2018.

(a)

(b)

Figure. 3.8 Sulfide in the water column of Linsley Pond in (a) 2003 (Hu et al. 2006) and (b) 2018
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Figure. 3.9 Co solubility with sulfide data in 2003 and pH data in 2018
Dash lines represent the calculated maximums Co2+ that can exist at equilibrium. Dots are colorcoded by their actual Co2+ values. Any sample plotting higher than the respective line of the same
color would expect to precipitate CoS(s). Dots labels (MMDD, M = month, D = depth)
The strong positive correlation observed between [Co]T and L (Fig. 3.10, R2 = 0.51), raises the
question of whether one might somehow cause the other, i.e., could Co stabilize the ligand or vice
versa. Complexation by L might prevent Co from being scavenged by particles, and/or Co might
stabilize L against oxidation (if it is a reduced S compound). A similar correlation has been
observed elsewhere, and the presence of small concentrations of Co (II) specific ligands was
hypothesized (Qian et al. 1998). Because Co is essentially used as a probe in measuring L (the
method involves titration with Co), it seems reasonable that any Co-specific ligands present will be
the ones preferentially characterized. It would be interesting to repeat our Co metal titrations in the
presence of another strongly complexing metal (e.g., Cu) to see whether the results would be
different.
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That [L] is always greater than [Co]T suggests that the ligand stabilizes the metal rather than the
reverse. This raises the possibility that the differential pattern between Co and Mn in the two years
(Figs. 2.16 and 2.17) might be partly because of the influence of complexation. On that basis, we
argue that Co cycling in this stratified lake should be viewed as the result of the cycles of Mn and
strong Co-binding ligand of uncertain identity, but probably not a simple subset of DOM (c.f. Figs
2.13a and 3.7c).

Figure. 3.10 Significant and strong positive correlation between [Co]T and [CoL], [L] and [CoL]
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3.3.3 Cobalamin measurement
Fig 3.11 illustrates the temporal and spatial variation of VB12 in the water column of Linsley
Pond in 2018. Levels mainly were measured in a very narrow range, and the concentration of VB12
and Co2+ were of the same order of magnitude. B12 is a significant portion of free (bioavailable)
cobalt. The highest VB12 concentration was located at a depth of 1 m (0.048 nM) in May, and
decreased with depth and time, falling to 0.034nM in August and 0.033nM in October in the lake’s
bottom. The average mass concentration of VB12 in Linsley Pond in 2018 was found at 0.055 ppb,
lower than 0.08 ppb, measured in 1952 by Euglena assay (Benoit 1957), an order of magnitude less
than the optimal concentration for the chrysomonad, Ochromonas malhamensis.
Perhaps of greatest interest is a consistent decline in VB12 in the photic zone, though the lowest
values measured in the fall were still more than half what they were in the early summer.
Furthermore, there appears to be no relation, either positive or negative, between VB12 and primary
productivity (Fig. 2.13). Phytoplankton seems not to have been stimulated by higher VB12, nor do
they deplete it like they did PO4 (Fig. 2.11c).
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Figure 3.11 Temporal and spatial variation of vitamin B12 in the water column of Linsley Pond in
2018. Note that almost all measurements were in a narrow range from 0.040 to 0.043 nM. (Dots
represent sampling times and locations)
To further investigate the bioavailability of cobalt in Linsley Pond, we calculate the ratio of VB12
to [Co]T, the proportion of Co that was synthesized into VB12. As shown in Fig. 3.12, except for Jun,
the water in the epilimnion contained a higher proportion of VB12. With increasing water depth, the
proportion gradually decreased from 6 % to 1.5 %. The pattern is consistent with the previous study
(Benoit 1957), suggesting that the synthesis efficiency of VB12 by blue-green algae in the photic
zone is higher than that by bacteria in the hypolimnion. Notably, the ratios in the Jun profile were
significantly higher than those in other months. The proportion of Co used for VB12 synthesis was
about 11 % at depths of 1 m and 7 m. This particular pattern seems similar to the pattern of NO3-N in
Fig 2.11b. We find that there is a moderately positive correlation between the ratio of VB12 to [Co]T
and NO3-N during the period from May to Nov (Fig. 3.13). Thaumarchaeota are ubiquitous and
abundant in global aquatic and terrestrial environments. All known ammonia-oxidizers, which
generate energy by the oxidation of ammonia (NH3) to nitrite (NO2−), have the genetic capacity as
cobalamin producers (Doxey et al. 2015). And NO3-N the method we used to measure NO3-N
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actually got the result of nitrite plus nitrate. Thus, the ratio of VB12 to [Co]T could be an indicator of
the presence of ammonia-oxidizing microorganisms.
One reason for measuring Co speciation generally, and VB12 specifically, was to explore the
possibility that Co could serve as a limiting micronutrient. Previous research for Linsley
investigated the possibility that copper could be limiting (Twining et al. 2007). In particular, it was
suggested that Cu limitation of denitrifiers might lead to a build-up of N2O, an accumulation that had
been documented in the lake at times. While it was possible to limit denitrifiers with low Cu2+, it
only occurred when free Cu levels were driven to extraordinarily low values in the laboratory with a
synthetic complexing agent (dioxime). For cobalt, we showed that free Co2+ and VB12 both occurred
in the low parts-per-trillion range, almost two orders of magnitude less than total cobalt.
Nevertheless, there appeared to be no relation between biological activity (as indicated by Chl-a) and
either form of Co.

Figure 3.12 Temporal and spatial variation of the ratio of VB12 to [Co]T in the water column of
Linsley Pond in 2018 (Dots represent sampling times and locations)
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Figure 3.13 Moderate positive correlation between the ratio of VB12 to [Co]T and NO3-N
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3.4 Summary
Cobalt speciation was successfully measured via CLE/AdCSV in relation to the complexation by
natural organic ligands as well as the occurrence of the specific compound vitamin B-12 in a
stratified, eutrophic, freshwater lake, Linsley Pond. Free cobalt, [Co2+], the complexing parameters
(K and [L]), and [CoL] were calculated based on the thermodynamic equilibria between an added
competing ligand (DMG) and natural ligands by titrating freshwater samples with Co, allowing 24 hr
for equilibration. For two dates, titration curves were complicated, suggesting that there may be more
than one important ligand at times, or that ligand characteristics fall outside the detection window of
our method. During the period from Jun to Oct 2018, free [Co2+] was in the range of 0.014 - 0.282
nM. Natural organic ligand concentrations [L] were in a span from 0.7 - 8.1 nM, with conditional
stability constants (as logK) in a range from 9.43 -11.13. Nearly all of the Co was present in the
complexed form, so [CoL] ≈ [Co]T. This raises the possibility (along with findings from Chap 2)
that three factors may combine to explain Co distribution patterns over space and time: (1) Co
release from Mn oxides and possible eventual rescavenging by them, (2) solubility of CoS(s), and (3)
stabilization in solution via complexation by a strong ligand. There was no obvious correlation
between the DOC and the concentration of natural, strong Co-binding ligand in this study. This
suggests that the ligands in question are not simply a scarce site type on bulk DOM, but rather might
be a specific compound, such as some form of thiol, a compound class that has been documented
previously in Linsley. According to various biogeochemical environments on temporal and spatial
scales, natural organic ligands may include compounds produced in the following processes from top
to bottom of the Linsley Pond during the study period: photosynthesis by algae and cyanobacteria,
anoxygenic photosynthesis by PSB, and anaerobic respiration by SRB. Total dissolved Co ([Co]T)
was dominated by [CoL], they presented nearly identical trends. ELISA was successfully applied to
conduct VB12 measurement in freshwaters. The measured VB12 ranged from 0.033 – 0.048 nM,
100

comparable to [Co2+] detected in freshwater systems, and a minor fraction of [Co]T in Linsley. A
moderate positive correlation between the ratio of VB12 and [Co]T and NO3-N during the period from
May to Nov, which reveals that the ratio of VB12 to [Co]T could be potentially regarded as an
indicator of the presence of ammonia-oxidizing microorganisms. More importantly, the hypothesis
that the biological activity of plankton in Linsley Pond might be limited by micronutrient Co is not
supported.
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CHAPTER 4 WATERSHED FLOOD FLOW AND TIDAL
FLUSHING INFLUENCES ON SEDIMENTS OF AN URBAN
ESTUARY
Abstract
Watershed base flow, flood flow, and tidal flushing influences on an urban estuary's sediment
dynamics are examined in the West River estuary, CT with self-regulating tide gates (SRTGs)
installed. Acoustic Doppler current profiler (ADCP) equipment is used to support direct and
continuous measurement of the flow into and out of the estuary. Results from three storm events, one
recession period, and two baseflow events demonstrate that TSS and turbidity are highly correlated
at the inlet, but not consistently at the tide gates where TSS is dominantly affected by tides, generally
fluctuating in the range from 2 to 7 mg/L under baseflow conditions, or episodically reaching over
16 mg/L at high tide during storm events. The sediment dynamics calculation suggests the West
River estuary behaves like a sediment trap, depositing watershed flood sediment during the baseflow
period and most storm events.

4.1 Introduction
4.1.1 Trace metal dynamics of estuaries
Estuary regions account for only 13% of the land area of the continental United States, but
comprise 43% of the U.S. population and 49% of economic output in the U.S. (Noaa Fisheries 2020).
Estuaries are a land-sea interaction interface where various biogeochemical processes are coupled
and where the ecological environment is sensitive and fragile. The watershed-linked environmental
pressure caused by humans' high-intensity economic activities profoundly impacts the estuary
environment and its adjacent sea areas through the exchange of material and energy fluxes. A large
number of pollutants are imported into the estuary, causing water quality degradation and producing
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profound adverse effects on primary productivity, biodiversity, and ecosystem structure and function
of the estuary environment (Du Laing et al. 2009).
Estuaries are probably the most complicated aquatic systems to study because their hydrology
varies widely in time and space. They are strongly influenced both by regular tidal flushing and by
terrestrial watershed inputs of water and other materials. There is a strong gradient in salinity from
headwaters to the seaward end. There is no single mechanistic pathway for the transport and
transformation of pollutants from land to sea. Given the vast differences in estuarine conditions, the
mechanism of pollutant transfer can be roughly divided into three types: A) Hydrodynamic
processes, which rely on the movement of tides and river flows, and mainly has mixing and diffusion
effects, e.g., transport, deposition, resuspension. B) Physicochemical processes, which include
adsorption/desorption, flocculation, precipitation and co-precipitation, and ion exchange. C)
Biological processes, which include photosynthesis, respiration, assimilation, methylation, etc.
In developed estuary regions, trace metals in rivers are mainly brought to estuaries along with the
water flow either dissolved or adsorbed by suspended solids. Because many metals occur
preferentially adsorbed, suspended solids play an enormously important role. Estuaries can be natural
a source and sink for trace metals (Cave et al. 2005). On the other hand, when suspended substances
carried by rivers come into contact with seawater in the estuary, the trace metals may be released
into solution because of competition by Na ions or other mechanisms (Du Laing et al. 2008; Hatje et
al. 2003). Some of them have a greater percentage of adsorbed metal released in seawater than
freshwater, including Co (Hatje et al. 2003).
The majority of point sources (e.g., treated sewage) and nonpoint sources (e.g., storm runoff)
first flow into rivers and then through estuaries on their way to coastal areas like Long Island Sound
(LIS). Given that many contaminants are scavenged by suspended particles, which then must pass
through estuaries or estuarine harbors on their way to LIS (Boyer et al. 2002; Howarth et al. 2002;
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Varekamp et al. 2000; Whitall et al. 2004), this study focuses on the mechanisms of hydrodynamic
and physicochemical processes. I chose to focus on Co because it is not well studied and is
biologically very important.
My study system, the West River estuary in New Haven, is similar to at least 20 others along the
Connecticut coast and many others elsewhere. Sediment and contaminants can enter these systems
either upstream from their watersheds or downstream from the tidal exchange, and both sources can
be substantial (Rozan and Benoit 2001). Thus, investigating the details of sediment and trace metals
transport through and capture within Connecticut estuaries is an important focus.

4.1.2 Impact of climate change on stormwater runoff in urban watersheds
Global climate change will cause a series of hazards that have a significant impact on the water
cycle: rising water temperatures, decreasing snowpack, melting sea ice, rising sea levels, high tide
floods, and increasing severity and frequency of heavy precipitation (U.S. Global Change Research
Program 2018). The latter three are directly related to our research regarding watershed flood flow
and tidal flushing influences on an urban estuary. Changes in the relative amount and timing of snow
and rainfall have led to a mismatch between water supply and demand in some areas (U.S. Global
Change Research Program 2017). Compared to the average annual precipitation in the United States
during the past century, the contiguous United States had the largest increase in fall (10%), the
smallest (2%) in winter, and comparable increases (about 3.5%) in spring and summer. Particularly,
the northeastern United States is the region with the greatest increase in precipitation in the US, with
a rise of more than 15% in fall (Easterling 2017). The frequency of heavy snow years has increased
in the northern United States, and frequent storms and heavier-than-normal snowfalls occur in the
Northeast (Kossin 2017), which is both the most heavily forested and most densely populated region
in the United States.
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The results of a decadal prediction of summertime urban temperature changes in the contiguous
United States indicate that by the end of this century, the interaction of urban development and
climate change will lead to significant urban warming in the afternoon and night (Krayenhoff et al.
2018). The study further demonstrates a non-linear interaction between urban expansion and climate
change. Especially at night, the warming caused by urban development is comparable to that induced
by greenhouse gases. In other words, urbanization is suggested as an indirect factor that causes
climate change-induced phenomena, including increasing severity and frequency of heavy urban
storms.
Moreover, due to urbanization, nonpoint source pollution has gradually become a key part of the
water environment problem. Runoff carried by urban storm drain systems travels at higher velocities.
When it is discharged into rivers, it erodes the riverbank, damages the vegetation along the riparian
zone, and widens the channel, which results in increased sediment loads (U.S. Environmental
Protection Agency 1999). Urbanization also increases pollutant loads. Heavy metals are a common
type of pollutants produced in urbanized areas (Du Laing et al. 2009; Sun et al. 2012). Heavy metal
pollution in urban runoff comes from multiple sources, including motor vehicles, atmospheric
particulate matter, roofs, and drainage pipe materials, etc. They are washed into the receiving water
bodies, causing water quality degradation and harm to native wildlife and vegetation, and
contamination of drinking water supplies. Due to the rapid urbanization process in recent years, the
impervious area has continued to grow, resulting in intensifying heavy metal pollution in urban
runoff, bringing adverse effects to the urban water environment.

4.1.3 Effect of self-regulating tide gates (SRTGs) on tidal flushing
There is a beautiful astronomical relationship between the sun, the moon, and the earth. The
distance between sun and earth is about 108 times the diameter of the sun; the distance between earth
and moon is about 108 times the diameter of the moon; the diameter of sun is about 108 times the
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diameter of earth. The distance from sun to the earth is 389 times the distance from moon to the
earth, while the ratio of the diameter of sun to the moon is about 400. Therefore, when a total solar
eclipse is viewed from the earth, the moon and the sun are almost the same apparent sizes. Also, the
inverse cube law of gravitation means that the closer smaller mass of the moon dominates over the
much greater but more distant mass of the sun in producing tides by a factor of about 2:1.
Tides are the phenomenon of periodic fluctuations of sea level caused by the moon and the sun's
gravity. In ancient China, tides in the daytime were called Chao (潮), and in the nighttime called Xi
(汐). The traditional Chinese lunar calendar corresponds to the occurrence of tides. The earth’s
rotation period of approximately 23 hr 56 min, and the moons’ average orbital period of 27.3 days
combine to cause a tidal period of 24 hours and 50 minutes. When the sun, the earth, and the moon
are roughly in line at the full and new moon (syzygy), the moon and sun's gravitational forces
combine to a maximum, which generates more powerful spring tides. During the first or second
quarter moon, the moon's gravitational effect offsets that of the sun and produces lesser neap tides.
Owing to the effects of ocean circulation changes and sinking land, the relative sea-level rise
along the coastline of the northeastern United States is expected to be higher than the global average
(Sweet 2017). Tides further change significantly in amplitude from neap to spring conditions each
month and have annual variations because of the earth-moon-sun orbital system. Most notable are
semi-diurnal tides, which along the Connecticut coast can cause water levels to vary by more than 2
m over each 12 hr 25 min cycle.
Tide gates are large flap valves that allow flow in only the outward direction to prevent flooding
or seawater intrusion, thus restricting tidal flushing and changing the estuaries from salt to fresh
tidal. These gates can affect the ecosystems by dramatically altering flows, changing sediment
transport and deposition, lowering dissolved oxygen levels, and causing other water quality
problems. To restore estuarine plants, fish, waterfowl, and other wildlife, as well as inter-tidal
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habitat, self-regulating tide gates (SRTG), have been increasingly used for at least three decades,
particularly on the eastern seaboard of the United States (Ridgway and Williams 2011). An SRTG
remains open most of the time, closing (automatically) only when storm surges threaten flooding.
These new and partial flow-restricting systems are being considered anew as measures to adapt to
rising sea levels.
This research aimed both to understand the influence of tide gates on Co cycling in estuaries but
also used the gates as a convenient way to directly measure tidal flows. In West River, there were 12
identical tide gates of which three were replaced with self-regulating units in 2012. By measuring
flow in an individual gate and extrapolating to the remainder, it was possible to have an accurate
assessment of tidal exchange. Direct measurements of this kind have been done only rarely.
Evaluating how the combination of watershed flood flow and tidal flushing influences trapping
or export of contaminants at both short and long time scales may allow us to design informed
management strategies to help ameliorate climate change-triggered problem, which is a severe
knowledge gap throughout the country. Thus, this research has local, regional, and national
significance.
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4.2 Methods
4.2.1 Study site

Figure 4.1 West River watershed in Connecticut (Fuss & O’neill Inc. 2015)
The West River system in New Haven (Fig. 4.1) is similar to at least 20 other drowned river
valleys that now act as long, narrow estuaries along the Connecticut coast. About 40 kilometers
long, the West River originates north of Lake Bethany and flows south through Bethany,
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Woodbridge, New Haven, and West Haven, eventually into the harbor of New Haven and thence to
Long Island Sound. Its watershed covers about 91 km2 of land; the southern part is highly urbanized,
and the northern part of the watershed is a rural area with extensive forests and protected water
supply land (Fuss & O’neill Inc. 2015). The frequently inundated tidal reach includes about 88 ha of
the West River Tidal Marsh, stretching from New Haven Harbor to Edgewood Park. An additional
area of up to 30 ha is inundated less frequently (approximately monthly). Near the tide gate, most of
the river's length is surrounded by the West River Memorial Park. The natural course of the river
winds along the West River Memorial Park's west side, and a very straight channel (a human-made
reflecting pool constructed in 1920) runs through the middle. It ends at the northern edge of the park
(Derby Avenue) (Fig. 4.2).
The West River estuary’s natural history and human context were described in detail in
Restoration of an Urban Salt Marsh: An Interdisciplinary Approach ( (Casagrande 1997) #100 of the
Bulletin Series of the Yale School of Forestry and Environmental Studies, 241 pp.)
In the current study, bathymetric data were collected during high tide on two different days to
calculate the estuary volume. The data acquisition equipment consists of three main components: a
Lowrance®LCX-15 MT fish finder, a GPS receiving unit (records real-time geographic coordinate
signals from at least four available GPS satellites), and an Airmar®TM260, 200/50 kHz transducer,
powered by 12V batteries. The raw bathymetric data were processed by a software program
(Reefmaster Software, W Sussex, UK), then plotted by ArcMap (Fig 4.2). Greater depth appears at
both ends of the straight channel, and the maximum water depth appears at the intersection of the
reflecting pool with the natural waterway (>10 ft), where erosion by runoff from upstream incise the
bed deeper. Near the tide gate, the water depth steadily decreases in the upstream direction (both
natural and artificial waterways), showing the area affected by tidal flushing. It should be noted that
there is a combined sewer overflow (CSO) pipe extending into the reflecting pool in the middle
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between its north end and the intersection. At the location of the overflow, the accumulation of
discharged solids deposited near the outlet, forms a minor barrier, which partially blocks the
sediment exchange by tides at the northern end and may have formed a dead zone. Based on the
geometry calculation via ArcMap 10.8.1, ©2020 ESRI Inc., the studied estuary showed in the figure
has a capacity of 208,000 cubic meters and a water surface area of 17.0 ha; therefore, the average
water depth is around 1.23 meters. Given that the typical local tidal range is about 1.1 meters at the
tide gates, the hydraulic residence time at this estuary is about 1-2 tidal cycles. These numbers are
somewhat misleading as the tidal range declines with distance from the gates. Furthermore, a very
little area of the bottom is exposed at low water.

CSO

Figure 4.2 Estuarine bathymetry of the lower West River estuary. Not shown is an additional 1.6 km
long section between Derby Ave and Whalley Ave. (CSO marks the location of a combined sewer
overflow outlet to the river)
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Self-regulating tide gates (SRTGs) installed on the West River in Fall 2012 (Fig. 4.3) remain
open except during extreme flood events (e.g., Sandy). They operate automatically based on
ingenious floats and levers, with no user intervention. Installation of the SRTGs re-established full
saltwater flushing to the West River, which dramatically increased tidal range, water quality, and
salinity (example data, Fig. 4.4). The utility of the gates for research is to allow a convenient location
to measure flow directly and as a way to conduct experiments by temporarily shutting them down.
Measuring a single small orifice directly can be extrapolated to the estuary's full flow at this point. It
is essential to understand that this investigation is mainly about the hydrology, sediment behavior,
and contaminant cycling in typical Connecticut estuary, processes that change in a matter of hours,
not biological effects that may take years or decades.
Some of the conventional gates, which are about 100 years old, first required repair. We could
only do this during short intervals at low tide. An example of one of the tidegates before and after
repair is shown in Fig. 4.5.

Figure 4.3 SRTG system on the West River
left: the upstream perspective; the SRTGs are the three round pipes on the left with steel
doors that can be lowered to block flow manually
right: the downstream perspective with orange floats (three SRTGs) and wooden flap gates (nine
traditional); one of the flap valves is hidden from view by the concrete wall in the left foreground
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Figure 4.4 Comparison of water depths between West River estuary and adjacent Mill River estuary
(without SRTGs). (1) When SRTGs open normally, the free-flowing West has a much wider tidal
range than the restricted Mill. (2) When the SRTG manually closed due to a storm on Nov 7, 2012,
the West behaves identically to the Mill within one tidal cycle, and flow is restored just as quickly
when the gates are reopened.

Figure 4.5: Flap type tidegate before (left) and after (right) repair by us.
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4.2.2 Water budget
The general water balance equation of the estuary watershed in a storm event is as follows:
∆𝑆 = 𝐼 + 𝑃 + 𝑇𝑖 + 𝐶 − 𝑂 − 𝐸𝑇
where
∆S = water storage in the estuary (this term is zero over the medium term),
P = precipitation (directly to the estuary's area),
I = Inflow from the upstream watershed,
Ti = tide inflow,
C = CSO
O = Outflow into the sea, and
ET = evapotranspiration (directly from the estuary’s area).
A unique feature of this study is continuous measurement of bidirectional tidal exchange with
ADCPs (Acoustic Doppler Current Profiler) located in the well-characterized cross-section of the
tide gates to support more accurate and precise measurements of both terms Ti, and O. The tidegates
of the West River have a set of twelve parallel openings (Fig. 4.3), of which three flow freely (selfregulating) and nine allow only outflow, though minor leakage occurs. The Unidata Starflow ADCP
provides vented depth measurements and water velocities averaged across the cross-sectional
window it views. The first ADCP was installed in one of three SRTG pipes (122-cm-diameter).
Because of the simple geometry, velocities could be accurately converted to discharge values with a
straightforward formula. Measurements made every 3 minutes were averaged and stored, then
uploaded to memory every 15 minutes. Data were downloaded each month and covered roughly 60
tidal cycles per month. We validated our measurements by comparison to an independent analysis of
the tidal prism for many cycles. A second ADCP was installed in one of the nine conventional tide
gates at this site to evaluate their contribution to outflow, which was directly proportional to that of
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the SRTGs, from which we could scale up from a single SRTG pipe monitored for the entire study
period to the full tidal flow.
At the head of the estuary, a Solinst level logger was installed to assess the term I. This unvented
device was manually corrected for atmospheric pressure recorded by an identical pressure logger
situated in the air. A detailed stage-discharge rating curve (Fig. 4.7) was generated based on flow
measurements with a wading rod and manually operated Doppler flow meter and then provided
continuous river discharge data. Depth measurements at the head of the estuary at Whalley Ave
showed a small tidal signal of a few cm amplitudes. Consequently, a baseflow separation web-based
tool, SepHydro (Danielescu et al. 2018), was used to correct all water level measurements affected
by the flood tide, by which the net discharge can be calculated from all water level measurement
results, and continuous discharge monitoring was then performed every 5 minutes at the inlet.
Precipitation to the estuaries between the head and mouth, term P, was estimated with an impervious
area analysis. Evapotranspiration was assessed based on meteorological data measured with a Davis
Vantage Pro2 weather station installed at the site. Both P and ET were found negligible, as (1) P is
small compared to the full watershed contribution; (2) tidal variation is as much as 1 m, whereas ET
at its maximum amounts to no more than 0.005 m over a tidal cycle. These combined measurements
mentioned above allow us to construct a complete and detailed hydrological budget for the entire
estuary throughout the period of study.
Fig 4.6. details the real-time hydrological record at the CSO site over 24 hours (roughly two tidal
cycles) on Nov 13, 2018, capturing an overflow event during a storm. Precipitation started at
midnight, then gradually increased, reaching a peak at 9 am. It triggered an overflow, which lasted
about 2 hours right at the low tide. The total accumulation of rain was 3.4 cm, causing a total
discharge from this CSO during the storm of about 3,000 m3. Based on the calculation of the
discharge on the same day, during 12 hours (from 9 am to 9 pm), a total of 390,000 m3 of water from
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the upstream watershed entered the studied estuary system through the inlet, thus the discharge from
CSO can be neglected in this system on the time scale of one tidal cycle. Although TSS and trace
metal tend to be concentrated in CSO, according to an EPA research report on nationwide CSO
systems, the median concentrations of TSS and trace metal in CSO are roughly 2-3 times those of
urban stormwater (U.S. Environmental Protection Agency 2004), suggesting that CSO/storm drain
contributions of sediment and Co could also be treated negligible in the estuary system of this study.

Figure 4.6 CSO site data for 24 hours (two tidal cycles) including an overflow event during a storm
on Nov 13, 2018.

4.2.3 Sampling and analyses
The unusual approach described in the previous subsection served as the basis for developing
budgets for suspended sediments. The West River estuary had been monitored at both the inlet and
the tide gates with YSI 6920 sondes for years. Every 15 minutes, measurements were made of water
depth, salinity, dissolved oxygen, pH, turbidity, and temperature. Data was harvested from the
sondes monthly, and devices were recalibrated before each deployment. Water samples were
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collected by programmable autosamplers (ISCO 3700) in parallel at both upstream inlet and tide
gates at multiple time intervals spanning a whole tide cycle over storm events or baseflow periods.
Total suspended solids (TSS) were measured by filtering a known volume of a sample, passed
through a pre-weighed 0.45-µm Millipore Durapore filter, which was further triple rinsed with DI to
remove any salts from the samples. The filter was dried at 105 °C and reweighed to calculate TSS. It
allowed us to calculate the sediment flux at the inlet and tide gates by multiplying the measured flow
rate by the TSS concentration. The time-series TSS data was used to develop sediment budgets at
various short-term time scales.

4.3 Results and Discussion
4.3.1 Discharge assessment
West River Rating Curve
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Figure 4.7 West River rating curve relating tide-corrected water level to discharge at the inlet

As the inlet water level rises slightly during high tide, to minimize the effect of the tide on the
water level, and thus on the reliable calculation of the flow rate, all the rating curve-related
measurements were fitted based on flow rates during low tides. (There was no appropriate
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monitoring location below the first tributary upstream that was unaffected by tides.) During the
monitoring period from May 2017 to July 2017, we obtained a series of flow measurements at the
inlet, which provided valuable data regarding the inflow amount contributed by the upstream
watershed for calculating the estuarine hydrological budget. The established rating curve
successfully correlated the stream gage depth measurements with the discharge, with an R2 value of
0.99 (Fig. 4.7). We could obtain detailed and accurate inlet flow data by combining the fitted rating
curve and tide-corrected continuous depth measurements. Given the highly fitted rating curve
equation, all water level measurements were input as pseudo flow data, and the influence by flood
tide was corrected using SepHydro (Fig. 4.8). We interpolated net flows less the tidal effect. It
allowed calculation of net discharge derived from water level measurements and continuous
discharge monitoring at 5-minute intervals at the inlet.
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Figure 4.8 Tidal influence correction of water level at the inlet by SepHydro

Continuous flow measurement results were collected at the tide gates, the outlet of the studied
system, to provide accurate bidirectional flow data on the contribution of tidal flow into and out of
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the estuary. Using the data in fall 2017 as an example, we evaluated continuous flow measurements
at the inlet and tide gates during both baseflow (Fig. 4.9) conditions and storm events (Fig. 4.10).
During baseflow in late Sept, while the inlet flow data shows a relative trickle (0.2 m3/s), the tide
gates data indicate the peak flood tide flow rates were maintained at ~11 m3/s, and peak ebb tide flow
rates were stable around 20 m3/s. Although the peak flow rate of the flood tide was lower than the
ebb tide, the duration for the positive readings (i.e. inflow) was longer than that for the negative
reading (i.e. outflow) to achieve a rough water balance over two regular tidal cycles (Fig. 4.9): I =
1.8 × 104 m3, Ti = 3.0 × 105 m3, O = 3.4 × 105 m3. During a storm event (6.3 cm) at night on Oct 24,
2017, a peak inflow of 13 m3/s was recorded at the inlet. The stormwater runoff's impact on the
estuary system was reflected at the tide gates: it halved the peak flood tide flow rate at the high tide
right after the storm event and then boosted the following ebb tide to reach a peak discharge over 40
m3/s. Moreover, the flood tide flow was restored to normal just as quickly after the storm (Fig. 4.10).
Over two tidal cycles: I = 4.1 × 105 m3, Ti = 2.4 ×105 m3, O = 5.8 × 105 m3.
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Figure 4.9 Discharge results during baseflow conditions at the West River estuary inlet and tidegates
in 2017 (positive discharge: inflow, negative: outflow); colored box shows the two selected tidal
cycles for water balance calculation
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Figure 4.10 Discharge results during a storm event at the West River estuary inlet and tidegates in
2017 (positive discharge: inflow, negative: outflow); colored box shows the two selected tidal cycles
for water balance calculation.

Fig. 4.11 demonstrates the discharge at the inlet and precipitation in fall 2018. Three storm
events in 2018: Oct 27, Nov 9, and Nov 13 were sampled starting at the high tide or low tide before
the storm, by every half an hour for an entire tidal cycle to capture the first flush. In particular,
during a period of recession after an extreme storm of Nov 13, water samples were collected every
two hours on Nov 13 for a whole day. Two baseflow conditions were sampled on Dec 1 and Dec 6
every half an hour during a complete tidal cycle (low tide to low tide). Fig. 4.12 zooms in to each
sampling event showing the precipitation pattern (Fig. 12 a-c) and the corresponding discharge
response.
The heavy metal content in urban runoff is often related to seasonal factors. Apart from large
variations of precipitation quality in time and place, significant seasonality has been reflected
regarding snowmelt runoff because of accumulation, introduction of deicing particles, and increased
wear and tear in numerous previous studies (Brezonik and Stadelmann 2002; Hallberg et al. 2007;
Helmreich et al. 2010; Tromp et al. 2012; Westerlund et al. 2003). Conclusions have been found
inconsistent and highly site-specific (Huber et al. 2016). Therefore, given that sampling was mainly
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concentrated in late fall and early winter, the results may have a seasonal bias. Seasonality analysis
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will be carried out in future studies.

Figure 4.11 Discharge of the inlet and precipitation in fall 2018 (Pink bars show the span of each
sampling campaign: Three storm events: Oct 27, Nov 9, and Nov 13; One recession on Nov 13; Two
baseflow conditions on Dec 1 and Dec 6)
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(e) Dec. 6, 2018 (Baseflow condition)

Figure 4.12 Discharge of the inlet and precipitation during individual sampling events in fall 2018
(Vertical lines represent the specific time of each sampling by the automatic sampler)
121

4.3.2 TSS vs turbidity
Turbidity and total suspended solids (TSS) are both critical parameters for studying water clarity
or water quality. Turbidity is used to check the water transparency by looking at the light scattering
properties of water. The turbidity measurement can be directly and continuously obtained in the field
utilizing a turbidity meter. On the other hand, measuring TSS is a manual process that requires
precise techniques and measurements and then usually has to be performed in a laboratory.
Therefore, the TSS measurement is relatively cumbersome and expensive. In the study of estuary
sediment dynamics, if the relationship between turbidity and TSS can be summarized, the acquisition
of TSS information will be greatly simplified and cost-effective. We tried to explore whether the
turbidity and TSS in the studied estuary system can be interconverted.
Some preliminary TSS tests were taken from surface grab samples, and the turbidity pattern may
be complex in the turbulent waters near the tide gates. Thus, TSS measurements might not exactly
correspond to the water measured by the YSI sonde. To remedy this uncertainty, we conducted
extensive TSS vs. turbidity measurements in fall 2018 at both the inlet and the tide gates under
baseflow and storm event conditions (Fig. 4.13). Instead of referring to the YSI readings on the
sonde, every water sample's turbidity was measured with a handheld turbidimeter (AquaFluor®,
Turner Designs, Inc., inter-calibrated with the YSI sonde) on-site to pair the TSS measurement with
the same water sample used for turbidity. At the inlet, the turbidity and TSS showed a strong
correlation with an R2 value of 0.89 (n = 132) in Fig. 4.13. TSS (in mg/L) was approximately three
times the turbidity value (in nephelometric turbidity units, or NTU). Based on this difference at the
inlet and tide gates, and considering the complexity of two-way flow at the gates, we further plotted
correlations between TSS and turbidity, as well as their time-series data for each sampling event
individually.
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Figure 4.13 TSS vs. turbidity correlation of water samples collected in fall 2018
At the inlet, TSS and turbidity were highly correlated with the R2 ranging from 0.92 to 0.99
among individual sampling events (Fig. 4.14 a-e). The highest TSS and turbidity, as well as the slope
of TSS to turbidity, occurred during the storm event on Oct 27. As seen in Fig 4.11, there was a
period of low discharge (~1 m3/s) before this storm event. In the absence of rain, solids accumulate,
which flowed into the estuary system along with the stormwater runoff on Oct 27. The slope of TSS
to turbidity for the other two storm events, including the recession, ranged from 2.6 to 2.8. Since
there was precipitation about one week before both sampled storm events in November, the runoff's
pollution particle density was less than the storm at the end of October. Particulate pollutants were
the least under baseflow conditions, while the slope of TSS to turbidity was also reduced to 1.51
(Fig. 4.14e). The pattern appears to be that high flows carry larger particles that scatter less light
(per mass), so a given turbidity value corresponds to a greater TSS value.
The similarity between turbidity and TSS is that they both relate to liquids' clarity, but it is worth
noting that they measure different objects. Turbidity focuses on how much light is scattered within a
liquid. Some suspended solids, algae, organic matter, and any other tiny particles that cause the water
to become cloudy or murky can form turbidity. TSS is a quantitative representation of suspended
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particles in the water column. These particles may include silt, algae, sediments, and other organic
and inorganic solids floating in the water. In short, even though turbidity and TSS do overlap in the
measurement of certain particles, they do differ and have no universal linear correlation, especially
for the estuarine system due to the huge discrepancy between high concentrations of humic-rich
dissolved organic matter (DOM) in freshwaters as compared to the seawater. Even at the freshwaterdominated inlet in our studied system, this relationship (correlation slope) is closely related to
watershed land cover, precipitation patterns, seasonal variations, and other factors determining the
upstream runoff water quality and quantity. Continuous measurement makes detailed research more
meaningful in the future. For instance, more measurements are expected to find out the threshold,
beyond which TSS inflow from watershed flood upstream would transport to the tide gate.
50

TSS (mg/L)

40
30
20
y = 3.49*Turb
R²= 0.9188

10
0
0

2

4

6
8
Turbidity (NTU)
Inlet

10

Tidegates

(a) Oct 27, 2018 (Storm event)

124

12

14

30

TSS (mg/L)

25
20
15
10

TSS = 2.75*Turb
R²= 0.96

5
0
0

2

4
Turbidity (NTU)
Inlet

6

8

Tidegates

(b) Nov. 9, 2018 (Storm event)

TSS (mg/L)

16
12
8
TSS = 2.58*Turb
R²= 0.93

4
0
0

1

2

3
4
Turbidity (NTU)

Inlet

Tidegates

(c) Nov 13, 2018 (Storm event)

125

5

6

20

TSS (mg/L)

16
12
8
TSS = 2.81*Turb
R²= 0.99

4
0

0

1

2

3
4
Turbidity (NTU)
Inlet

5

6

7

Tidegates

(d) Nov. 13, 2018 (Recession period)

8

TSS (mg/L)

6
4
TSS = 1.51*Turb
R²= 0.93
2
0
0

1

Inlet 120118

Inlet 120618

2
3
Turbidity (NTU)

Tidegates 120118

4

5

Tidegates 120618

(e) Dec 1 and Dec 6, 2018 (Baseflow condition)
Figure 4.14 TSS vs. turbidity correlation of water samples collected in fall 2018
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Compared to the similar slope of TSS to turbidity at the inlet (1.53 on Dec 1, 2018, and 1.49 on
Dec 6, 2018), TSS vs. turbidity patterns at the tide gates were much more complicated and
unsystematic. As seen in Fig. 4.14 (e), TSS did not correlate with turbidity at the tide gates. The data
from 1 Dec 2018 actually show a weak negative correlation (N = 24, R2 = 0.24). Most water
samples had TSS less than 6.6 mg/L and turbidity less than 2.5 NTU. Although the water samples
were relatively clear and the turbidity was relatively low under baseflow conditions, the turbidity on
Dec 6 was still twice that on Dec 1, even in a similar TSS range. In other words, the strong positive
correlation between TSS and turbidity that were observed at the inlet did not extend to the tide gates.
Disappointingly, this meant that TSS could not be derived from turbidity in an automated way.
The TSS-turbidity relationship at the tide gates was changeable. During some storm events, the
tide gates sometimes showed the same lack of pattern as during baseflow (Figs. 4.14a & 4.14c). But
for other storms, the outflow sometimes showed a similar good correlation relationship between TSS
and turbidity as that of the inlet (Figs. 4.14b & 4.14d).
Accordingly, we postulate that, for storm events, when within a certain discharge range (Fig.
4.14a) or within a certain time range (Fig. 4.14c), the West River estuary can completely scavenge
particulate pollutants from the upstream watershed. However, when the discharge (Fig. 4.14b) or
time span (Fig. 4.14d) exceeds a threshold, the West River estuary's current capacity is not enough to
completely process the particulate pollutants from the upstream basin, which will rush into the LIS.
To explore TSS and turbidity relations further, we generated time series diagrams for each
sampling series in 2018 (Fig. 4.15). According to the comparison of TSS and turbidity at the inlet
among the sampling events (square marks in six subfigures), we can see that these two parameters'
synchronization mainly depended on the discharge (Fig. 4.12). Unlike the relatively low values
under baseflow conditions, their trends during storm events closely reflect the time-series runoff
discharge at the inlet. As seen from Fig. 4.15c, it also explains why the two parameters were not
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matched at the tide gates on Nov 13, 2018. Because when we sampled, even though it had rained, the
runoff flood peak had not yet arrived (Fig. 4.12c), then it appeared later in the sampling period and
after the high tide. According to the comparison of TSS and turbidity at the tide gates of the
sampling event (marked by circles in the six sub-pictures), we found why the two were not related at
the tide gates under baseflow conditions. TSS was greatly affected by tides, generally changing in
the range from 2 to 6.5 mg/L with the rise and fall of the tide level, but turbidity was not, which
displays that only TSS was involved in the tide exchange. And this part of the solid did not seem to
originate from upstream. In particular, from Fig. 4.15b, we learn that the correlation between TSS
and turbidity at the tide gates on Nov 9, 2018, was not entirely dominated by runoff discharge, as we
previously speculated, but mainly caused by tides. Another feature that appears to be dominated by
tides is the symmetry of values before and after the peak. However, TSS's peak value was higher
than 6.5 mg/L and reached 17 mg/L, and the turbidity also increased accordingly, indicating that part
of the TSS was also contributed by upstream runoff. Thus, only the extreme storm event on Nov 13,
2018, caused the dominating upstream watershed flood flow impact on the TSS and turbidity at the
tide gates (Fig. 4.15d). Even so, we can still see two peaks during the recession (spanning two entire
tide cycles), showing the synergistic effect of tides at the tide gates.
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(a) Storm event on Oct. 27, 2018 (high tide to high tide)

(b) Storm event on Nov. 9, 2018 (low tide to low tide)

129

(c) Storm event on Nov. 13, 2018 (low tide to low tide)

(d) Recession period on Nov. 13, 2018 (low tide to low tide)
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(e) Baseflow event on Dec. 1, 2018 (low tide to low tide)

(f) Baseflow event on Dec 6, 2018 (low tide to low tide)
Figure 4.15 Time-series TSS vs. turbidity data of each sampling campaign in 2018
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4.3.3 TSS vs other parameters
After confirming that there is no correlation between TSS and turbidity at the tide gate, we
further explored what other parameters might be related to TSS. First, we plotted TSS, velocity, and
depth at the tide gates over one tide cycle during two storm events (Fig. 4.16). It is not difficult to
realize that although the water level and flow velocity fluctuate periodically with tides, their patterns
do not overlap. The high tide or low tide in the water level pattern corresponds to the time when the
flow velocity returns to zero, that is, the water flow direction reverses after this moment. Once the
flow velocity reaches its peak, it corresponds to the moment when the changing rate of the water
level is greatest during flood or ebb (i.e. where the steepest slope is). Interestingly, the TSS peak
does not coincide with either of them, but in the middle of these two. Although the time interval
between the peaks of the flow velocity and the water level is not uniform according to inconsistent
rainfall patterns and hydrological conditions during different storm events, the TSS peaks appeared
one hour after the peak of inflow velocity, or the time when inflow velocity plumbed to zero possibly
due to the stormwater runoff from the watershed upstream. Under the situation that the fluctuation
ranges of flow velocity and water level in these two events are roughly the same, the peak TSS in the
event of Nov. 9 2018 reached twice the value of that on Oct. 27 2018. Therefore, due to the many
factors including watershed flood and tidal flushing that jointly affect the value of TSS, which is
difficult to be quantified from the flow velocity or water level data. Under the baseflow condition, it
can be seen from Fig. 4.17 that the waveforms of TSS and pH, water level, and conductivity are
roughly the same, especially the consistency with the water level, which is obviously different from
the situation in storm events. Since the other three parameters basically represent the seawater
movement, we can conclude that under the baseflow conditions, TSS at the tide gate is mainly
affected by the tide flushing. In particular, among these three parameters, conductivity has the
highest correlation with TSS, reaching R2 values of 0.47 and 0.65, respectively (Fig. 4.18).
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(a) Storm event on Oct. 27, 2018 (high tide to high tide)

(b) Storm event on Nov. 9, 2018 (low tide to low tide)
Figure 4.16 Relationship between TSS vs velocity and water level at the tide gate during storm
events
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(a) Baseflow event on Dec. 1, 2018 (low tide to low tide)

(b) Baseflow event on Dec 6, 2018 (low tide to low tide)
Figure 4.17 Relationship between TSS vs pH, water level, and conductivity at the tide gate under
baseflow conditions
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Figure 4.18 Correlation between TSS and conductivity at the tide gate under baseflow conditions

4.3.4 Sediment dynamics
According to the previous subsection discussion, based on the continuous turbidity measurement
results at the inlet, combined with the conversion relationship between turbidity and TSS, we can
obtain the continuous sediment flux at the inlet. The sediment flux is often not related to turbidity at
the tide gates and is more affected by tides. During the Oct 27, 2018 storm event, although the TSS
of this set of samples was the highest batch of all samples in 2018, the peak TSS influx at the inlet
was only 50 g/s due to the low discharge (Fig. 4.19a). The solid flux rate generally fluctuates with
the tide at the exit, in the range of ±100 g/s. Storm runoff from upstream impacted the water flow at
the tide gates at about 11 am, reducing the flood tide (with opposite direction) dramatically. During
the Nov 9, 2018 storm event, the TSS influx rate peaked at 150 g/s at the inlet around 23:00 (Fig.
4.19b). The flux pattern echoes the flow pattern, and it was also proportional to the discharge value.
The maximum sediment influx rate reached about 135 g/s with the rising tide at the tide gates. At
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that time, the peak of upstream sediment passed to the tide gates and confronted the influx, causing
the sediment influx to decrease sharply. In the low tide stage, it raised the sediment outflux rate to
over 300 g/s.

(a) Storm event on Oct. 27, 2018 (high tide to high tide)

(b) Storm event on Nov. 9, 2018 (low tide to low tide)
Figure 4.19 Time-series instantaneous TSS flux of storm event over a complete tidal cycle in 2018
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According to the accumulated flux calculation, a total of 1.3 tonnes of solids flew into the estuary
system from upstream over a complete tidal cycle on Oct. 27 2018 (Fig. 4.20a). The total TSS flux
roughly reached a balance of influx and outflux at the tide gates (net outflux of only 63 kg). All the
solids from the upstream watershed were considered to be completely captured by the estuary system
for this storm event. The storm event on Nov. 9 2018 introduced a total sediment input to the estuary
of 2.6 tonnes from upstream over a tidal cycle (Fig. 4.20b). It is calculated that during this tidal
cycle, there was a net outflux of 2.0 tonnes from the tide gates. This indicates that in this more
intense precipitation event numerically 20% of the sediment was retained by the system. The
question comes again, whether the sediments flowing out of the tide gates were all from the runoff
upstream of this storm. Hence, we carried out further research on sediment tracer, which is expanded
in the next chapter.

(a) Storm event on Oct. 27, 2018 (high tide to high tide)
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(b) Storm event on Nov. 9, 2018 (low tide to low tide)
Figure 4.20 Time-series accumulated TSS flux of storm event over a complete tidal cycle in 2018
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4.4 Summary
Watershed base flow, flood flow, and tidal flushing influences on an urban estuary's sediment
dynamics were examined in the West River estuary, CT. ADCP equipment was installed in the pipes
of the SRTG, serving as a well-constrained location to directly measure the flow into and out of the
estuary, which is considered one of the most challenging tasks in estuarine studies. In addition to
accurate water flux measurement at the system's outlet, continuous discharge measurements were
also made at the inlet from the upstream watershed. After adjusting the measured levels to eliminate
the small tidal component at its head, the water level measurements proved to provide consistent and
accurate discharge data via a stream gage rating curve with a high R2 value. With the aid of reliable
continuous discharge and turbidity/TSS measurements at both the inlet and tide gates, detailed
information about the dynamics of water, sediment fluxes, and metals of an urban estuary could be
investigated.
Three storm events, one recession period, and two baseflow events were sampled in fall 2018.
TSS and turbidity were highly correlated at the inlet but not consistently at the tide gates. At the
inlet, during baseflow, TSS (mg/L) = 1.5 × Turbidity (NTU). During storm events, slopes varied
from 2.6 to 3.5, and for individual storms, the correlation was good. In contrast, at the tide gates,
TSS was dominantly affected by tides, generally fluctuating in the range from 2 to 7 mg/L under
baseflow conditions, or episodically reaching over 16 mg/L at high tide during storm events, but
turbidity not correlated, unless an extreme storm like the one on Nov. 13, 2018. During storm events,
TSS’s pattern did not match either pattern of flow velocity or water level. Under baseflow
conditions, TSS could be quantitively assessed from conductivity data.
For a smaller storm event (Oct. 27 2018 – 2.1 cm), there was a near zero-net flux of sediment
across the tide gates, while for a larger storm (Nov. 9 2018 – 2.4 cm), 20% of the sediment supplied
from the watershed plus the incoming tide was retained by the system. According to the time series
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TSS pattern, sediments flowing out of the tide gates seemed to originate from the sediments close to
the tide gate not from the runoff upstream of this storm. Hence, the West River estuary has been
shown to behave like a sediment trap, depositing watershed flood sediment during the baseflow
period and most storm events, which would be confirmed by a tracer study in the next chapter.
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CHAPTER 5 COBALT AND 7Be BEHAVIOR AND
BUDGET IN AN ESTUARY
Abstract
Cobalt and 7Be budgets over one tidal cycle are determined in the West River estuary, CT, a
system characterized by the presence of self-regulating tide gates (SRTG). Cobalt is mostly in the
dissolved form under baseflow conditions. However, during storm events, particulate Co became the
dominant component of total Co at the inlet. At the tide gates, Co is still in the dissolved form except
for an extreme storm event. Based on detailed Co budget calculations, under relatively small rainfall,
the estuary efficiently captured all the Co from upstream. For another more intense precipitation
event, the influx and outflux were about equal. Nevertheless, an amount equal to all of the Co from
upstream was believed to be intercepted by the estuarine system, and the Co flowing out of the tide
gates was equal in amount to that in tidal exchange.
For comparison, a mass balance was developed for the naturally occurring radionuclide, 7Be, as a
tracer for contaminant scavenging by settling sediment was examined for a better understanding of
watershed flood flow, tidal flushing, and the trapping or export of sediment and associated
contaminants for episodic storm events. 7Be input was found to be proportional to rainfall. 7Be
showed a trend of a downriver decline toward the river mouth. Overall, the trace metal levels in West
R estuarine sediments follow the order: Pb ≥ Cu > Co > Cd. According to the 7Be mass balance
over a tidal cycle, perhaps owing to the large ratio of its watershed to estuary, most of the 7Be (86%)
enters the West River estuary from its watershed. Direct atmospheric deposition is a significant but
lesser source. In addition to 3% decay in the water column, only 1.5% of 7Be is gained from Long
Island Sound via tidal flushing. More than 37% of added 7Be is deposited in sediments within the
estuary during a single tidal cycle. The West River is a “tight trap” for contaminants that behave like
Be.
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5.1 Introduction
5.1.1 Precise Estuarine Watershed Management
After the Clean Water Act (CWA) was promulgated in 1972, through the implementation of the
National Pollutant Discharge Elimination System (NPDES), a pollutant discharge permit system was
established, which greatly alleviate the point source pollution and significantly improved water
quality in the U.S. From the 1980s to the 1990s, the Environmental Protection Agency (EPA)
gradually realized that a watershed-based water environment management model was beneficial, and
began to coordinate various stakeholders' forces to solve the most prominent environmental
problems. When Congress amended the CWA in 1987, Section 319 was explicitly added to establish
a "non-point source management program" and authorize the federal leadership to help state and
local governments in non-point source pollution control actions. EPA's coordination responsibility in
transboundary pollution issues was not only in the Non-point Source Management Program but also
in the "National Estuary Program (NEP). The latter was established by Congress also in 1987 to
provide an integrated consultation mechanism for local, state, and federal environmental protection
agencies to manage comprehensively the water quality of estuaries. In 1996, EPA promulgated the
Watershed Protection Approach Framework. Through interdisciplinary and cross-departmental
connections, cooperation among communities in river watersheds was strengthened to control water
pollution. Combining the issuance and management of pollution permits, protection of water sources,
and the selection of projects with priority funding, the management efficiency has been effectively
improved.
With the rapid development of computer network communication, satellite remote sensing (RS),
global positioning systems (GPS), geographic information systems (GIS), and other technologies,
modern integrated river watershed management has reliable technical support. Mass data collection
and storage, as well as data sharing and coupling, can be integrated into a "digital watershed" to
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avoid low-level duplication of data processing and improve the level of data management. On the
other hand, estuarine water quality management is often associated with urban stormwater
management and green infrastructure construction. The networking, digitization, and visualization of
related data are conducive to promoting more comprehensive data applications. Therefore,
fundamental and detailed investigations that elucidate estuarine hydrology, sediment dynamics, and
contaminant transport and fate would advance modern estuarine watershed management.
Building on the last chapter, this section evaluates the details of sediment and contaminant
transport through and capture within a Connecticut estuary. Alterations to flow in estuaries are
ubiquitous in our region and may dramatically change hydrology and the discharge or capture of
sediments and associated contaminants, though the nature of these influences is poorly understood.
Nearly all estuaries are altered by flow constriction from roads and railroads; many have tide gates,
which are even more restrictive. Sediments delivered from coastal watersheds sequester and carry
the bulk of many contaminants exported from the land to Long Island Sound. Similar to the main
research site (West R), which has an open SRTG, these flow-restricting systems are being considered
anew as measures to adapt to rising sea levels. Perhaps the most dramatic example is Venice’s
MOSE, but numerous instances exist worldwide. This research also sheds light on the
biogeochemical cycling of 7Be, a useful naturally-occurring environmental tracer, which is also
designed to directly assist ecosystem managers in controlling estuarine flows and contaminant
loading. The results of this research elucidate how water, sediment, and the contaminants they carry
flow through a system typical of the many small estuaries that line the coast of Connecticut, the
adjoining region, and many other areas. It increases knowledge of the functioning and impact of tide
gates, which exist at several locations already and are considered a coastal adaptation measure at
many more.
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5.1.2 Radionuclides as Tracers Describing Estuarine Sediment Dynamics
7

Be generated in the atmosphere (mainly in the stratosphere) through cosmic ray bombardment is

often used as a tracer of particle-reactive contaminants, like metals and hydrophobic organics (Olsen
et al. 1986). This radionuclide is added as a pulse with each rain event, and it can be followed from
the watershed and through the estuary into local sediments or Long Island Sound. Its half-life (t1/2 =
53 d) and tendency to behave like heavy metals make it ideal for gaining time-dependent information
on these contaminants' behavior. In estuaries, 7Be is scavenged and delivered to sediments with a
time scale ranging from less than a day to several days (Olsen et al., 1986; Dibb and Rice, 1989a;
Baskaran and Santschi, 1993; Feng et al., 1999b). 7Be has been used to evaluate a number of
biogeochemically significant processes, but especially sediment dynamics on shorter time scales
(weeks to months). Olsen and coworkers did much early work on 7Be in estuaries (Olsen et al.,
1985; Olsen et al., 1986). Their work emphasized water column processes and 7Be scavenging,
rather than sediment accumulation or whole system fluxes. Feng and coworkers used 7Be in
extensive investigations of the Hudson River estuary (Feng et al., 1998; Feng et al., 1999a; Feng et
al., 1999b). Their research considered both water column and sedimentary processes.
210

Pb, another naturally occurring radionuclide, is widely used for medium-term dating of

sediments thanks to its 22.3-year half-life. There are two natural origins of 210Pb in estuaries; one is
called unsupported 210Pb, which is mainly formed by production via radioactive decay of 222Rn in the
atmosphere, followed by decay to 210Pb, and delivery to the earth’s surface mainly through the wet
deposition. The other is called supported 210Pb, whose origin is the continuous production of 222Rn
caused by the natural 226Ra contained within sediments.

210

Pb produced in the atmosphere can be

added to sediments when it lands directly on the water’s surface or it can be transferred from the
watershed (Benoit and Hemond 1987).
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The basis of the 210Pb sediment dating technique is to determine the excess activities of 210Pb in
the sediment core (unsupported 210Pb activity), which are calculated by subtracting the estimated
supported 210Pb value from the total 210Pb activity. The two models (Appleby and Oldfield 1978;
Krishnaswamy et al. 1971) that are applied to calculate the sedimentation rate via 210Pb are the C.I.C
model (constant initial concentration) and the C.R.S model (constant rate of supply). The C.I.C
model assumes that the initial concentration of unsupported 210Pb is constant, and the deposition rate
is invariant (Krishnaswamy et al. 1971). This method requires the measurement of bulk density to
correct for compaction or cumulative dry weight. The C.R.S model assumes that the unsupported
210

Pb supply rate is constant. The model takes into account variable sedimentation rates and sediment

compaction (Appleby and Oldfield 1978). The assumption shared by the two models is the
deposition flux of unsupported 210Pb to the sediment/water interface is constant. Therefore, if the
sedimentation rate remains constant, the C.I.C model is usually applied; conversely, the C.R.S model
is used for a variable sedimentation rate. A few studies have considered both 7Be and 210Pb in the
context of short-term and medium-term sediment dynamics and sediment budgets (Blake et al. 2002;
Landis et al. 2016; Porto and Walling 2014; Porto et al. 2016; Saari et al. 2010; Walling 2003;
Walling 2004). However, when examining an estuarine system equipped with SRTGs, detailed flow
monitoring is critical to understand better the efficiency with which those sediments are captured
today, their history, and what can be expected in the future as climate and storm runoff changes and
sea level rises.
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5.2 Method
5.2.1 Experimental design
Our past research relied on 7Be (53 d half-life) and, to a lesser extent, 210Pb (22 yr half-life) as
chronometers and surrogate tracers of contaminants. A mass balance was constructed for the entire
estuary for 7Be in Branford River Estuary, Connecticut, and used the difference of all the other terms
to assess the tidal exchange quantity (Benoit et al. 2020). Evaluating this term by difference was
necessary because was extraordinarily difficult to measure the tidal exchange of the small estuary
directly. For non-estuarine rivers, simply monitoring water level and then establishing a rating curve
relating depth to discharge allows time- and cost-effective quantification of flow. For estuaries, a
single water depth (stage) does not match a unique discharge, and even the sign of the flow at a
given stage switches twice daily. Besides, these complexities do not even take into account storm
flows from the watershed, which can dominate discharge patterns and vary dramatically and
unpredictably. The newly constructed SRTG is a novel type of estuarine management infrastructure
and may be promoted on a large scale in the future. We expect that they have a strong influence on
sediment/contaminant dynamics. We explicitly examined their impact and used them as part of our
measurement strategy. These narrowings provide ideal locations for direct real-time analyses of
water flows and the sediments and contaminants they carry. In particular, they are found at
constrictions in the estuaries, provide a simple cross-section that is ideal for making direct flow
measurements, and can be manipulated to conduct extensive scale experiments. We took advantage
of the simple geometry and small cross-sectional area of the tide gates to make continuous (6 min
interval) flow measurements with an acoustic Doppler current profiler (ADCP). Simultaneously, at
the estuary head, where the systems are relatively non-tidal, simple level loggers and the
straightforward stage-discharge method were used to continuously (every 15 min) measure inflows
from the watershed.
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By performing such regular 15-minute interval measurements, coupled with TSS monitoring and
spot pollutant measurement, we constructed a complete, directly-measured balance for water,
sediment, and contaminants. In the last chapter, sediment fluxes were evaluated in detail. In this
chapter, periodic sampling allowed us to perform the budget calculation of metals (cobalt is used as
an example). 7Be was also measured for selected storms and during baseflow to exploit its utility as
a pulse tracer of particle-reactive contaminants (most metals and many toxic organics). The product
of contaminant levels and measured water fluxes at both ends of the estuary yielded mass balances
for these substances at multiple timescales. Sediment cores were collected from the length of the
estuary and dated via 210Pb and 7Be. Inventories in sediments were measured for comparison of
long-term accumulation to short-term fluxes. This combination provides perhaps the most detailed
view ever of sediment and contaminant cycling in an estuary of the scale of the West River, which is
typical of many others in Connecticut and along the Eastern Seaboard. Taken together, these
measurements will quantify how much and how quickly contaminants pass on to LIS and what
amount is retained in the estuaries.

5.2.2 Sampling and analyses
To collect surface sediment samples for 7Be, we used an Eckman dredge to grab samples of the
undisturbed sediment-water interface and inserted a 5-cm-diameter core liner to subsample the upper
5 cm homogenized material captured therein, which was then extruded into a 100 cm3 aluminum can
and sealed on site. For the downcore spatial distribution study of both radionuclides, bottom
sediments were collected along the length of the estuary (approximately every 500 m). Sets of 10
push cores collected from the estuary's length were sectioned at intervals ranging from 1 cm (near
the sediment-water interface) to 5 cm (deep). Experience shows that the sampling method we use
captured the sediment-water interface without disturbance, important for this research because 7Be is
generally restricted to the top couple of cm of mud. Radionuclides (210Pb, 226Ra, 7Be) were analyzed
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via gamma counting of samples in sealed containers with no further pretreatment to allow ingrowth
of supported 210Pb from 222Rn. Low-energy, low-background versions of both a planar and well
detector (Canberra) were used for this work. Correction for self-absorption was done following the
method of Cutshall (Cutshall et al. 1983). Counting times ranging from 10 to 48 hours generally
provide adequate measured decay events to permit low uncertainties ( 5%).
7

Be in the water column was measured in a similar fashion. During storm or baseflow events, a

programmable autosampler (ISCO 3700) was used to collect water samples in parallel at the
upstream and tide gates multiple times at intervals ranging from a half-hour to two hours during the
entire tidal cycle. Bulk precipitation (wet plus dry) was simultaneously sampled for evaluation of
total atmospheric deposition with a collector on the roof of Yale’s Environmental Science Facility
(205 Prospect St, New Haven, CT). The collected precipitation was processed approximately every
month. Stable Be was added to all samples as a yield monitor. 7Be in rain, river, and seawater was
first concentrated by co-precipitation with iron hydroxide after pH adjustment and centrifugation.
After concentrating and decanting the supernatant, the samples were re-acidified to pH 2.0 to
dissolve Fe flocs and associated Be isotopes and transferred to a 100 mL can for gamma counting.
Recoveries (exceeded 95% in all cases) were evaluated by measuring an added stable Be spike as a
yield monitor (Canuel et al. 1990; Olsen et al. 1986). Obviously, a sample must be measured
immediately (within a few weeks) for 7Be before the short-lived radionuclide is lost to decay. 7Be
results are decay-corrected to the date of sampling for purposes of intercomparison. Measurement of
cobalt and stable beryllium in the water column was by inductively coupled plasma-mass
spectroscopy (ICP-MS). A comparison between filtered and unfiltered samples was applied to
evaluate the scavenging capacity of TSS to metals under different hydrological conditions. Trace
metals in sediment cores were extracted by heated digestion with concentrated HNO3. Measurement
for trace metals was also by ICP-MS (Perkin Elmer Elan DRC-e).
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5.3 Results and Discussion
5.3.1 Cobalt in water column
This section uses Co as an example to demonstrate the watershed flood flow and tidal flushing
influences on trace metal dynamics of urban estuaries. Whether its source is natural or
anthropogenic, Co has the same transport pathways in the aquatic environment. After entering the
water column, Co eventually combines with suspended solids, which settle to the bottom of the water
body over time and become part of the bed sediment, which will be confirmed in the following
results that the cobalt content in the sediment acid-extraction solution is more than three orders of
magnitude higher than that in the water column. An important question is whether this process
happens on the time scale of water residence in the estuary. It should be noted that Co (along with
Cu and some other metals) is not strongly particle reactive, so it is a less good model for metals like
Pb, but serves as a near end member of the range of particle reactivity. However, the question also
exists whether the resuspension of Co by currents can re-disperse the metal into the water body
causing its release in a dissolved form, thereby affecting its bioavailability and possible toxicity in
the estuary.
Under baseflow conditions, Co was mostly (e.g., 88% at the inlet and 93% at the tide gates) in
the dissolved form at both the inlet and tide gates sites (Fig. 5.1 e,f). Levels in both filtered and
unfiltered samples were nearly constant (~100 ppt or 1-2 nM) overtime at the inlet but varied
substantially, increasing from less than 150 to about 700 ppt (~10 nM) with the tide at the tide gates.
Under these non-storm conditions, the Co budget for the estuary may be driven as much by slight
differences in Co in the incoming and outgoing tides as by new Co supplied from the watershed.
As for storm events, apart from low amounts of background dissolved Co, most of the total Co
consisted of particulate cobalt, which rose due to the storm runoff at the inlet. Because the dissolved
cobalt at the inlet remains at a constant low level relative to the total cobalt regardless of
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precipitation, the patterns of total cobalt can represent particulate cobalt (the gap between lines of
solid squares and open squares). They echo the TSS patterns (Fig 4.15), exhibiting that they were
runoff driven and confirming the contaminants (even the less particle reactive metal like Co)
generally were scavenged by suspended particles (Fig 5.1). It is worth noting that despite the
moderate precipitation, the total cobalt and particulate cobalt in the water samples collected at the
inlet on Oct. 27, 2018, are the highest among all sets of samples, which is similar to the situation
with TSS.
However, total Co content was still mainly in the dissolved form at the tide gates (except for the
recession period of an extreme precipitation on Nov. 13 2018), suggesting that Co at the tide gate
mainly came from tidal flushing. The sorption of Cobalt has been found to be enhanced with lower
pH (Li et al. 2009) and the presence of organic materials (humic and fulvic acids) (Mclaren et al.
1986). Humic acid-degrading estuarine and marine bacterial communities have also been examined
to explain why riverine humic DOM is degraded rapidly in the estuarine/coastal zone (Rocker et al.
2012). Given low Co concentrations (below 100 ppb) in LIS (Schutz and Turekian 1965), high Co
level at the tide gates is less likely to come from the Sound, the magnitudes of the dissolved Co peak
are considered to reflect the degree of Co enrichment in the fine-bed sediment, indicating that the
addition of dissolved Co is mainly due to the desorption of resuspendable bed particles under tides.
Moreover, the increase in salinity is related to the enrichment in the content of major cations. They
compete with trace metals for sorption sites and reduce the binding of trace metals and humic acids,
making them return to in water column in dissolved form (Du Laing et al. 2009). A similar
phenomenon was also reported in the Mersey Estuary, UK (Martino et al. 2002). The exceptions
were some extreme storm events, like the one we sampled on Nov. 13, 2018, showing its recession in
Fig. 5.1d. When the river's discharge was greater than the normal flood current, particulate Co would
be observed at the tide gates. The dissolved and acid-available particulate phase of trace metals has
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been evaluated in the rivers to the Humber estuary (Neal et al. 1996). Co was classified as the group
of elements with a significant acid available particulate component with other trace elements (Al, As,
Ba, Cr, Cu, Fe, Pb, Mn, Ni, and Zn). Since they are associated with silicate and oxide phases in
sediments, mineralization, and industrial sources, the relationship between concentration and flow
rate could be used to assess the source of trace elements. In other words, particulate Co could be
used as a tracer for a particular period to indicate whether the water flow at the tide gates is more
influenced by watershed flood flow or tidal flushing.

(a) Storm event on Oct. 27, 2018 (high tide to high tide)
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(b) Storm event on Nov. 9, 2018 (low tide to low tide)

(c) Storm event on Nov. 13, 2018 (low tide to low tide)

152

(d) Recession period on Nov. 13, 2018 (low tide to low tide)

(e) Baseflow event on Dec. 1, 2018 (low tide to low tide)
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(f) Baseflow event on Dec. 6, 2018 (low tide to low tide)
Figure 5.1 Time-series Co concentration in filtered and unfiltered samples of each sampling
campaign in 2018 (Vertical bar showing the time of change of tides, usually high tide, except for the
storm event on Oct. 27 2018)
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In 2019, while conducting 7Be tracer analysis, we sampled one more baseflow and two more
storm events and used Co to confirm the impact consistency of watershed flood flow and tidal
flushing on the dynamics of trace metals in urban estuaries across years (Fig. 5.2). In the previous
subsection, based on the data in 2018, we concluded that the particulate cobalt at the inlet during the
storm events is proportional to TSS and related to the runoff amount. That is, particulate cobalt could
be regarded as a tracer of upstream watershed runoff. The more significant the proportion of runoff
increase due to precipitation, the greater the proportion of particulate cobalt in the total cobalt. Three
sampling events in 2019 all roughly spanned a tidal cycle (low tide to low tide). During the baseflow
period on Oct. 6, 2019, and the total cobalt at the inlet generally stable, below 0.06 ppb, while on
Oct. 27, 2019, the amount of precipitation was heavy. The total cobalt and the composition of
particulate cobalt at the inlet gradually increased over time, and the maximum was at the end of the
sampling, which suggests that for this extreme rainfall, it should have used a longer sampling time to
capture the entire rainfall process. The precipitation amount on Nov. 24, 2019, was moderate
(accumulating 1.8 cm). The total cobalt and particulate cobalt composition at the inlet reached their
maxima in the middle of the sampling period, and then gradually decreased over time. Most of the
total cobalt is composed of dissolved cobalt at the tide gates, and its level also fluctuates with the
tide. At high tides, some particulate cobalt appears at the tide gates, which might be due to the
confrontation between flood tide and upstream runoff flowing in the opposite direction. Since many
aquatic organisms need cobalt as the form of vitamin B12. When dissolved cobalt returns to the water
body due to tidal flushing, whether it increases the vitamin B12 content in the water and further
affects the growth of aquatic organisms, as well as the activities of fish, could be a topic for future
research.
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(c) Storm event on Nov. 24, 2019 (low tide to low tide)
Figure 5.2 Time-series Co concentration in filtered and unfiltered samples of each sampling
campaign in 2019

5.3.2 Cobalt dynamics
Similar to sediment budget calculations, we can derive the continuous cobalt flux at both the inlet
and tide gates based on the cobalt level and flow measurements at these locations. The total Co flux
has been confirmed to be related to TSS at the inlet during storms but is usually driven by tides.
However, as its concentration in seawater is often ten times greater than in freshwater, a considerably
different Co flux appears at the inlet and tide gates. For example, during the storm event of Oct. 27,
2018 (2.1 cm rainfall), when riverine Co concentration was at the highest levels, we measured at the
inlet in 2018, Co influx at the inlet was much lower than through the gates (Fig 5.3a). Over the time
of a complete tidal cycle on this date, a total of 19.3 g of Co entered the estuary system from
upstream. The Co flux rate fluctuates with the tide at the gates, in the range of ±8 mg/s before 11 am
(Fig 5.3a), and then the influx by flood tide from the harbor was offset by the influx by storm runoff
from upstream, forming a net influx of 13.7 g Co (influx of 68.0g and outflux of 54.3g). Therefore,
for this relatively small rain event, the estuary not only efficiently captured the Co from upstream but
also trapped Co from the sea during a tidal cycle, a total of 33.0 g (19.3 + 13.7) (Fig 5.4a). During
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the Nov 9, 2018 storm event (2.4 cm rainfall), the Co influx rate peaked at 1.5 mg/s at the inlet
around 23:00, matching the timing of the TSS peak. Due to the substantial increase in riverine
discharge, the Co influx was greater, 35 g of Co were introduced from the watershed to the estuary
over the period of a complete tidal cycle. The maximum Co influx rate reached about 5.8 mg/s at the
tide gates in the middle of the night near the time of high tide. Similar to TSS, at that time, the
upstream flood peak traveled to the tide gates, resulting in a sharp reduction in the influx of Co.
Then, the ebb tide combined with rainfall runoff increased the Co outflux rate to more than 8.0 mg/s.
During this tidal cycle, the net outflux of Co was 36 g (including 67 g outflux and 31 g influx) (Fig
5.3b). This shows that in this more intense precipitation event, the outflux of Co from the system was
almost double that of the influx. For the entire system, the total influx matched the outflux with an
approximately zero change within the estuary (Fig 5.4b). Even though the estuary system seemed to
intercept all Co from the runoff upstream of these two storms, and the Co flowing out of the tide
gates seemed to be caused entirely by the tidal exchange. Given its not strongly particle reactive
characteristics, Co capture effectiveness by the estuary is further testified by a radionuclides 7Be
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Figure 5.3 Time-series instantaneous TSS flux of storm event over a complete tidal cycle in 2018

(a) Storm event on Oct. 27, 2018 (high tide to high tide)
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(b) Storm event on Nov. 9, 2018 (low tide to low tide)
Figure 5.4 Time-series accumulated Co flux of storm event over a complete tidal cycle in 2018
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5.3.3 7Be in water column
Under conditions of both base flow and storm events, water column samples were collected for
7

Be analysis at the inlet and tide gates to characterize the 7Be contribution from the watershed and

tidal flushing in 2019. Under base flow, 7Be activity at both the inlet and gates was below detection.
This is perhaps not unexpected considering the high particle-reactivity of 7Be and its known short
residence time in shallow estuarine water columns. 7Be added in storm events will be rapidly
scavenged and removed from water to sediments.
The results of the time-series sampling for evaluating 7Be pulses in the water column at the inlet
during the storm on Nov. 24, 2019, are shown in Fig. 5.4, along with the hourly precipitation data
from the New Haven City Hall station (41.31 °N, 72.92 °W), which is about 2.5 km east of the site.
A simultaneous rooftop precipitation sample was also collected on campus (3 km NE) to analyze the
atmospheric contribution of 7Be over the period of the storm event. Rainfall accumulated to a total
depth of 1.8 cm, which contained 1.70 mBq g−1 (of water). Therefore, in this storm, direct
atmospheric deposition contributed 3.0 mBq cm-2 of 7Be to the estuarine surface. The inlet's
discharge data was derived from the rating curve for the West River's estuarine inlet. Compared with
the sampling of every half-day in the previous Branford River Estuary study (Benoit et al. 2020), we
adopted a more detailed time scale (i.e., every two hours). Although there might be a watershed lag
time, 7Be input was found to be proportional to rainfall (Fig. 5.5). Due to the lower time of
concentration of urban infrastructure, the lag time of urban watersheds may be much shorter than
that of rural watersheds. With the aid of the radionuclide 7Be as a tracer, we could confirm that the
runoff was mainly caused by the precipitation in the highly urbanized southern West River
watershed.
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Figure 5.5 7Be in the water column at the inlet during the storm on Nov. 24, 2019 (filled circles).
Rain amounts are vertical bars. The blue open circles are discharge amount at the inlet of West River
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5.3.4 7Be and 210Pb in estuarine sediments
To investigate the spatial variability of 7Be in estuarine sediments, we collected two
sediment samples near the inlet, and eleven throughout the southern portion of the estuary
closer to the tide gates on Nov 21, 2019 (Table 5.1). A substantial majority of the volume
of the estuary is in this section. The texture of samples at the inlet, and Sedi 10 and Sedi
11 were sandy; the rest were muddy. Since tests on some individual cores showed no 7Be
was found deeper than 5.0 cm in this system, nor deeper than 1.0 cm in a similar nearby
estuary (Benoit et al. 2020), the method described in section 5.2.2 is believed to capture
all of the 7Be in the sediment profile. The 7Be content of two samples at the inlet was as
low as 41 and 57 mBq cm-2 (values are expressed per area because the exact mass is
unknown even though the 7Be is captured quantitatively). The downstream sediment
samples, Sedi 10 and 11, had a similar texture to the inlet samples, but had a relatively
high level of 7Be. This suggests that the 7Be content was less related to texture and more
dependent on its location (Fig. 5.6). Similarly, 7Be reached the highest value of 198 mBq
cm-2 at the location of Sedi 9 and illustrated a trend of a downriver decline of 7Be in
muddy sediments from there toward the river mouth. As boundary point of sedimentary
texture with the highest 7Be content, the location of Sedi 9 could be regarded the
boundary point of the influence of watershed flood and tidal flushing. The sediments
upstream of this spot mainly come from the watershed inflow. Be accumulation in the
location around Sedi 9 also suggests that contaminants behave like Be are most likely to
be intercepted at this location. On the downstream side, marine water supplies abundant
fine material to the estuary and develops muddy bottom sediments up to the location of
Sedi 9. In the straight waterway on the east side, the 7Be level in the middle was higher
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than that at two ends, which is also consistent with the water's flow direction. The mean
value of 7Be inventories among the eleven sediment samples near the tidegate was 87 ±
48 mBq cm-2.
Table 5.1 7Be in surface sediments of the West River estuary
Inlet
Sedi 1
Sedi 2
Sedi 3
Sedi 4
Sedi 5
Sedi 6
Sedi 7
Sedi 8
Sedi 9
Sedi 10
Sedi 11

Latitude
41.3338
41.3087
41.3064
41.3013
41.2990
41.2983
41.2984
41.3014
41.3034
41.3059
41.3069
41.3059

Longitude
-72.9574
-72.9550
-72.9544
-72.9530
-72.9522
-72.9513
-72.9507
-72.9559
-72.9566
-72.9559
-72.9574
-72.9569
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Figure 5.6 Sediments sampling locations in the West River estuary (7Be in surface
Markers represent sampling locations)
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A total of 3 sediment cores were collected from the north end to the south of the
straight waterway, and the radionuclides 7Be, 210Pb, and 226Ra were analyzed. These
measurements can help determine burial loss. The sediment radionuclide data confirms
that the West River estuary is a complex dynamic environment. All three cores show loglinear decreases with depth, which fits the C.I.C model well (Fig. 5.7), but with very
different inferred sediment accumulation rates (SAR). Rates varied between 0.08 cm yr-1
to 1.9 cm yr-1. The wide variation reflects the very different sedimentation regimes that
prevail throughout the estuary. In the northern half, little fine-grained sediment deposits,
and the bottom is mainly sandy. In the south, there are large differences in depth,
scoured areas, and a major cul de sac (N end of reflecting pool) (Fig. 4.2). Give a longterm globe 210Pb flux 15.5 ±7.5 mBq cm−2 y−1 within Latitude 40–50, episodic 210Pb wet
deposition during individual storm events is much lower than the 210Pb sedimentary
inventories.
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Figure 5.7 Radionuclide distributions in three cores from the West River estuary (Note:
Below a depth of 5.5 cm in Core M, 210Pbxs was too low to show in the figure.)
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5.3.5 Trace metals in estuarine sediments
In addition to obtaining the SAR by means of the radionuclide profile, we measured
trace metal concentrations in the sediments. For a given site, Cd, Cu, and Pb exhibit
similar depth profiles (Fig 5.8), but the Co profiles are unlike the other metals. Overall,
the metal levels in the sediments follow the order: Pb ≥ Cu > Co > Cd, which matches
their relative amounts in many systems and in the earth’s crust (i.e., natural abundance
ratios). Comparing cores, the metal content among cores from high to low at the same
depth follows the sequence N > S > M, which matches their SARs. It seems that
sediment, metals, and 210Pb are focused on the three sites similarly. (7Be samples were
not collected at the same sites.)
The three cores are quite different and need to be interpreted separately. Core S
appears to have been deposited continuously for the past 100 years at a steady rate (Fig.
5.7). Its metal profiles all show much lower levels in the distant past, and increase at
intermediate times, then decrease toward the present (the sediment-water interface). This
interpretation is complicated by the likely existence of a shallow mixed layer that may
intermingle slightly older, more metal-rich sediments with more recent ones that are
lower in metals. Without the mixed zone, surface metal levels might be even lower. This
overall pattern matches the known history of metal release. Lower levels in the past,
increased with industrialization and sewage loading (a primary treatment plant existed 3
km downstream until 50 years ago, 7 cm), and more recent lower releases because of the
Clean Water Act.
Core M shows a steady, low SAR for the past 65 years sitting on top of older
sediments beginning at a discontinuity below the upper 5 – 6 sections (upper 5 – 6 cm).
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The lack of measurable 210Pbxs below that level attests to the age of the sediments (> 100
yr). The discontinuity may reflect a simple lack of sediment deposition for a period of
many years, or more likely, deposition above a scoured surface perhaps caused by a
storm. For all the metals, the recent period (past half-century) shows much higher levels
than in the past. Because of the very slow sediment accumulation at this site (< 1 mm
yr-1), even a very shallow surficial mixed layer could dramatically blur the apparent metal
deposition history.
Core N has higher metal levels and a higher SAR than the other two cores. It is
located in a dead-end channel section that is also unusually deep. Both of these
characteristics should promote focusing of sediments to this location, matching the
sediment data. Because of the high SAR, the core here reflects a high temporal
resolution section covering only the past 15 years, approximately. During this time,
metal levels have uniformly declined, probably reflecting the known recent emission
history.
Many previous studies have found that these three metals' concentrations are highly
correlated with each other (De Paula et al. 2015; Martino et al. 2002; Rozan and Benoit
2001; Soto-Jimenez et al. 2003), similar to what we found. It shows that these metals'
sources were probably related and undoubtedly attributable to variations in human
activities, such as agriculture, urbanization, and wastewater discharges. Patterns we
observed can be compared to results from nearby New Haven Harbor, though that clearly
is a somewhat different depositional system. Rozan and Benoit (2001) found SARs of
between 0.1 and 0.3 cm yr-1, similar to our results. Cd, Cu, and Pb generally increased in
the distant past to a subsurface maximum before declining toward the surface. Pb levels
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in the harbor were slightly higher, but Cu levels were much lower there (typically < 10
ppm); Cd and Co levels were similar at the two locations. These differences may reflect
the proximity of sewage treatment outfalls in the harbor (three primary plants until ca.
1970, when a single secondary plant replaced them) and the greater influence of
watershed inputs for the West R. The most striking difference is in Cu levels, but no
obvious source is evident for the West River, unless it was former industrial activity in
the area just north of Whalley Ave.
The vertical distribution of Co in sediments we measured is somewhat different from
the other three metals. In core N, very high levels are missing 15 years ago at the bottom
of the core, unlike for Cd, Cu, and Pb. In core M, Co in the recent period (past 5-6
sections) declines to the surface like other metals, but the older sediment has a higher
(rather than lower) level. For core S, the increase in Co began 20 cm down rather than 10
cm, like for the other three metals. Taken together, these differences suggest that
extrapolation from Co to other metals in the West river estuary should be done
cautiously. Notably, Co levels are lower than many other uncontaminated sediment
samples collected worldwide such as Cleveland Bay in Australia (Doherty et al. 2000),
Marabasco coastal lagoon in Mexico (Marmolejo-Rodriguez et al. 2007), the Pearl River
estuary in China (Ip et al. 2007), and ChiloéInterior Sea sediments in Chile (Silva et al.
2009). This indicates that Co in West River estuarine sediments appear to have relatively
low pollution.
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Figure 5.8 Trace metal distributions in estuarine cores.
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5.3.6 7Be and Cobalt mass balance
A similar previous study calculated the mass balance of 7Be for the Branford River
estuary, CT, based on several assumptions: (1) values measured on a small areal basis
were scaled up to the entire estuarine area; (2) the mass balance was normalized to a oneday period; (3) intermittent processes were expressed by the average. In this study, with
the aid of direct and continuous measurement at the West River estuary, we tried to
specify the various parameters in detail for a precipitation event on Nov.24, 2019 and
chose to frame the mass balance results into a tidal cycle to match our monitoring
duration. Note that this is very close to half the interval used in Benoit et al. (2020).
The duration of this precipitation event coincided roughly with the tidal cycle we
monitored (Fig. 5.5). As mentioned earlier, during this precipitation event, the
atmospheric flux directly reaching the West River estuary was 5.4 MBq (3.0 mBq cm-2).
Based on my more detailed 7Be measurements (every two hours) and our direct discharge
data at the inlet of West River estuary, I calculated a riverine flux of 34 MBq from the
entire upstream watershed into the estuary during the monitored tidal cycle. The area of
the West River watershed is 91 km2, and the surface area of the estuary itself is 0.17 km2.
Compared with the Branford River watershed, the contribution from upstream increased
by a factor of 5, which may also reflect the larger ratio of the West River watershed to its
estuary (535:1 vs. 69:1) (Benoit et al. 2020). Although the 7Be deposited in the entire
watershed was about 2730 MBq, the riverine flux accounted for only 1.3% of this total,
consistent with previous findings elsewhere (Benoit et al. 2020; Dibb and Rice 1989;
Olsen et al. 1986). Sediments in the estuary were sampled to calculate the total 7Be
inventory (Fig. 5.6). A continuous surface of 7Be inventory was further created with an
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inverse distance weighted (IDW) interpolation, which uses a linear weighted combination
of a set of sample points to predict unknown values for any other nearby location (Fig.
5.9). The weight is directly proportional to the inverse distance, assuming that the
influence of the variable to be mapped decreases with the distance from its sampling
location. Based on IDW interpolation, the average value 7Be in sediments was 84 mBq
cm-2, summing up to 143 MBq 7Be throughout the estuarine sediments. Radioactive
decay of this standing stock of 7Be over one tidal cycle amounts to 0.93 MBq. According
to two-hour interval measurements of 7Be and the directly continuous measurement of
water flow at the tide gates, I calculated the net discharge of 7Be into the estuary to be
1.20 MBq during the monitored tidal cycle (in: 1.81 MBq; out: 0.61 MBq). Despite the
considerable water flow, the 7Be at the tide gates was extremely low, and only trace
amounts of 7Be were detected in the first three water samples during the tidal cycle. By
difference between inputs from rain and the watershed (5.4 + 34.3 MBq), subtracting
their decay 0.26 MBq and loss to sediment decay 0.93 MBq and adding net influx by
tidal exchange 1.2 MBq, the net storage change of 7Be in the estuary system can be
calculated as an input of 39.4 MBq for a monitored tidal cycle. If we take the average
measured 7Be from the watershed upstream (0.11 mBq g-2) to represent the 7Be level in
the estuarine water column and multiply it by its volume of 208,000 m3, we can get the
standing stock in the water column of 23 MBq, assuming there was near-zero 7Be in the
water column to begin with. The net deposition (the difference between deposition and
resuspension) could be calculated as 16.4 MBq. This can be true if the standing stock in
the estuary is closer to the tide gate level than that at the inlet (i.e., less than 23 MBq).
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Furthermore, averaged over longer time periods, the daily net deposition must just
balance decay in sediments, or 0.93 MBq d-1.

Figure 5.9 Interpolation plot of 7Be in surface sediments of the West River estuary
Contouring was carried out by IDW within ArcMap 10.8.1, ©2020 Esri Inc. Units: mBq
cm-2
The map of 7Be inventory in surface sediments could also be regarded as supporting
the conclusion of rapid scavenging. The pattern suggests a more rapid removal in the
middle of the estuary before water can reach the area around the tide gates or the northern
reflecting pool section. In order to confirm this conclusion, synchronous sampling of the
water column along the river could be considered in the future. The overall mass balance
thus indicates, for this storm event, that all of the 7Be was retained within the West River
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estuary, which is a tight trap for 7Be and probably other particle reactive substances as
well (Fig. 5.10).
Several notable similarities and differences are evident in comparing results for the
West R and the Branford R estuaries. First, input from the atmosphere is similar, as well
as a large storage in sediments, roughly proportional to the surface areas of the two
systems. For both, delivery from the watershed was important, and much more so for the
West R, where the uncertainty of the estimate is much less. Likewise, tidal exchange was
much lower (and positive rather than negative) for the West than the Branford system.
Again, this value is known much more exactly in the current system than previously
where it was derived by difference and thus also includes any failure of closure of the
mass balance. In the West R during this storm, inputs varied in the order Watershed >>
Atmosphere >> Tides. Removal from the water column was at least 16.4/39.4 = 0.42 per
tidal cycle, or 0.84 d-1, similar to the Branford estuary.
In the previous Branford River study, like many other estuarine investigations, some
results can only be average values. For example, to fulfill an average 1-day period
analysis, the net deposition was considered to be matched by decay for the sediment
inventory to remain constant over the long run. In this study, benefiting from direct and
detailed flow measurements, I was able to evaluate an episodic and dynamic process
under any specific time frame. This study is a constructive step in the process of modern
integrated watershed management tending toward a digital watershed stage.
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Figure 5.10 Mass balance of 7Be in the West River estuary over one tidal cycle period

A similar mass balance of Co was determined during the same tidal cycle. Since the
information of direct atmospheric deposition of Co is scarce, an atmospheric deposition
value (0.014 µg m−2 d−1) from Kerguelen Islands in the Southern Ocean was cited to
avoid overestimation of human activities (Heimburger et al. 2012), converting to 0.0012
g direct atmospheric deposition of Co to the West River estuary during this tidal cycle
(ca. half day). According to the Co measurements (every two hours) and direct discharge
data at both inlet and tide gates of West River estuary, we got a riverine flux of 59.9 g Co
from the watershed into the estuary and a net discharge flux of Co out be the estuary to be
61.5 g (in: 30.7 g; out: 92.2 g) during the monitored tidal cycle. The deposition to
sediments was calculated by a weighted averaging from the SAR of three collected core
samples as 1.56 g. A typical conc. value was picked to estimate the standing stock in the
estuary 40.3 g. Although there is a possible large numerical uncertainty in this term due
to the remarkable variation of Co conc. at the inlet and tide gates, considering that the
standing stock would be a constant value over the long run, different from the standing
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stock of 7Be, it will be not included in the mass balance calculation. A median
concentration of Co in CSO was selected from an EPA research report to get a CSO
addition of 1.20 g and a closure term of 1.96 g, showing a good mass balance. In the
West R during this storm, Co inputs/output varied in the order Watershed ≈ Tides >>
CSO >> Atmosphere. Even though the actual CSO is higher than the national median
value (e.g., twice), the closure could be closer to zero. The impact of variation in local Co
atmospheric deposition on mass balance could also be negligible in this studied estuary
system.
Atmosphere
0.0012 g

CSO
1.20 g

59.9 g

92.2 g

Estuary

Watershed

Tides

40.3 g
Sedimentation

Deposition

1.56 g

LIS

30.7 g
Closure
1.96 g

Figure 5.11 Mass balance of Co in the West River estuary over one tidal cycle period
(Dash line: long term average, Solid line: episodic values)
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5.4 Summary
Cobalt and 7Be budgets over one tidal cycle were determined in the West River
estuary, CT, a system characterized by the presence of self-regulating tide gates (SRTG).
These remained open throughout the study serving only as a useful location for flow
measurement and not altering flow significantly. Cobalt was used to examine the metal
dynamics in the West River estuary. Cobalt was mostly in the dissolved form at the tide
gates and the inlet, under baseflow conditions. However, particulate Co became the
dominant component of total Co at the inlet during storm events, contributed by
sediments delivered from the watershed. In most cases, substantial particulate Co did not
appear at the tide gates, except during the recession period of a larger storm. Based on
detailed Co budget calculations, under relatively small rainfall, the estuary efficiently
captured all the Co from upstream. For another more intense precipitation event, the
influx and outflux were about equal. Nevertheless, an amount equal to all of the Co from
upstream was believed to be intercepted by the estuarine system, and the Co flowing out
of the tide gates was equal in amount to that in tidal exchange.
For comparison, a mass balance was developed for the naturally occurring
radionuclide, 7Be, as a tracer for contaminant scavenging by settling sediment was
examined for a better understanding of watershed flood flow, tidal flushing, and the
trapping or export of sediment and associated contaminants for episodic storm events.
7

Be input was proportional to rainfall. The critical peak of 7Be was at the boundary point

of sedimentary texture (sandy vs. muddy), representing the boundary point of the
influence of watershed flood and tidal flushing. A trend of a downriver decline toward
the river mouth in 7Be was observed downstream of this point. Overall, the trace metal
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levels in West R estuarine sediments follow the order: Pb ≥ Cu > Co > Cd. According to
the 7Be mass balance over a tidal cycle, perhaps owing to the large ratio of its watershed
to estuary, most of the 7Be (84%) enters the West River estuary from its watershed.
Direct atmospheric deposition is a significant but lesser source. In addition to 3% decay
in the estuary system, only 3% of 7Be is gained from Long Island Sound via tidal
flushing. More than 40% of added 7Be is deposited in sediments within the estuary during
a single tidal cycle. The West River is a “tight trap” for contaminants that behave like Be.
According to the Co mass balance, Co received from the watershed is nearly equal to the
net Co loss by the tidal exchange during the monitored tidal cycle, demonstrating that the
West River estuary is not an effective trap for Co.
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CHAPTER 6 CONCLUSION
Trace metals are a key component of the global ecosystem, playing important roles in
various biogeochemical cycling. They are extraordinarily low in content, and the
bioavailability and toxicity of trace metals depend on their speciation. Many of them
serve micronutrients for microorganisms, plants, and animals, also become toxic when
their free ion form is in high concentrations. With the development of human society and
economy, direct anthropogenic input of trace metals increases the metal content and
alters the metal speciation in natural waters. On the other hand, climate change, which
leads to rising sea levels, high tide floods, and increasing severity and frequency of heavy
precipitation, combined with urbanization, indirectly increases the loading of trace
metals. It poses potential environmental risks to aquatic systems and threats to human
health as well.
Literature reviews indicate that there is limited information on the behavior of cobalt
in freshwater. In most cases, Co has been studied within a long list of other trace metals,
yet has not attracted sufficient attention. In fact, it has been proved that Co is an essential
element essential for the synthesis of vitamin B-12, also called cobalamin. And cobalt is
the only vitamin that contains metal elements. It can only be synthesized by certain
bacteria. In this doctoral dissertation, two studies were conducted to investigate trace
metals in surface waters in Connecticut, especially cobalt. One aims at a less disturbed
lake to better understand the biogeochemical behavior and speciation of cobalt in
freshwater lakes in Connecticut. Another focuses on an engineered estuarine system to
explore the riverine transport and tidal flushing cycling of metals (especially cobalt) in
the coastal river systems of Connecticut.
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6.1 Co Biogeochemistry and Speciation in Linsley Pond
Linsley Pond is a classic dimictic lake. During summer stratification, the surface to a
water depth of 3 m is the epilimnion, 3 ~ 9 m is the metalimnion, the water at a depth
below 9 m is the hypolimnion. Water temperature and pH both show a similar clinograde
distribution to DO during summer stratification. The molarity abundance rank of the
main cation and anion are Na > Ca > Mg > K and CO3 > Cl > SO4. SRP is limiting in the
epilimnion. Dissolved inorganic N and P are enriched in the hypolimnion. DOC shows a
unique bimodal distribution: higher in the epilimnion and hypolimnion than that in the
metalimnion. This concentration peaks at 3 m (6.1 mg L-1) in August. The concentration
of Chl-a in Linsley pond water shows metalimnetic maxima only in August, right below
the highest DOC. According to the coincident DOC deficiency and NO3- accumulation at
similar regions in Jun and Oct, we hypothesize that nitrifying bacteria outcompetes
heterotrophic bacteria for available NH4+ when C: N is low, thereby increasing the
nitrification rate.
The evident similarity of the Co and Mn profiles is observed in epilimnion and
metalimnion in both 2017 and 2018: very low in the epilimnion, and gradual rise in
parallel in the metalimnion, reaching the highest concentration across the redoxcline,
representing the reduction and dissolution of their respective oxide phases. However, in
the hypolimnion, dissimilarity (declined Co caused by the formation of CoS below the
redoxcline) and similarity (both in stable elevated level) patterns occurred in 2017 and
2018, respectively. In previous studies on other lakes, usually, only one pattern was
reported for each lake, and our results show that the Co: Mn association in hypolimnetic
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water is unpredictable and could be linked to so many complex biogeochemical processes
(e.g bacterial activity of PSB). Both typical distributions may appear in the same lake.
Spatial and temporal Cobalt speciation via CLE/AdCSV as well as vitamin B-12 via
ELISA were measured in an American stratified lake for the very first time. During the
period from Jun to Oct 2018, [Co2+] was in the range of 0.014 - 0.282 nM. The results of
natural organic ligand concentrations [L] were in a range of 0.7 - 8.1 nM, with
conditional stability constants (as logK) in a range of 9.43 -11.13. natural organic ligands
had no obvious correlation with the DOC, but may include compounds produced from
top to bottom of the Linsley Pond during the study period: photosynthesis by algae and
cyanobacteria, anoxygenic photosynthesis by PSB, and anaerobic respiration by SRB.
Total dissolved Co was dominated by [CoL], presenting a nearly identical trend as [Co]T.
The VB12 measured ELISA ranged from 0.033 – 0.048 nM with an orthograde pattern,
comparable to [Co2+] detected in freshwater systems. A moderate positive correlation
between the ratio of VB12 and [Co]T and NO3-N during the period from May to Nov,
which reveals that the ratio of VB12 to [Co]T could be potentially regarded as an indicator
of the presence of ammonia-oxidizing microorganisms.
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6.2 Sediment, 7Be, and Co Dynamics and Budget in an Urban
Estuary
SRTG is a new type of estuarine management infrastructure to simultaneously reduce
the impact of sea-level rise and storm surge flooding (as traditional tide gates do) and
restore the natural hydroecological functions of the coastal river. The West River system
in New Haven, CT is similar to at least 20 other long, narrow estuaries along the coast of
Connecticut. Taking the West River Estuary system as a representative, we installed
ADCP equipment that allows us to directly measure the time-series inflow and outflow
amount. Based on the long-term monitoring at the inlet and outlet of the system and the
intensive and extensive sampling of a couple of storm events, We have obtained detailed
flux data of sediments and particulate reactive pollutants represented by trace metals and
completed the evaluation of the mass balance of sediments and trace metals based on
direct continuous measurement in such estuaries for the first time.
Three storm events, one recession period, and two base flow events were sampled in
fall 2018 on TSS and turbidity, which are highly correlated at the inlet (all R2 above
0.92), but rarely at the tide gates. At the inlet, TSS =1.5 Turb during baseflow, and the
slopes varied from 2.6 to 3.5 during various storm events. The relationship (slope of the
regression line) during storm events is closely related to watershed land cover,
precipitation patterns, seasonal variations, and other factors determining the upstream
runoff water quality and quantity. At the tide gates, TSS is mainly affected by tide
exchange, but turbidity not, depending on precipitation/runoff amount. Unless extreme
precipitation and excess TSS influx occur, turbidity readings cannot be used to estimate
TSS. West River Estuary is believed to behave as a sediment trap, depositing solids from
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the watershed upstream within the estuary during the baseflow period and most storm
events, except for an extreme storm on Nov. 13, 2018.
Cobalt was used to evaluate the trace metal dynamics in the West River Estuary.
Cobalt was generally in the dissolved form at the inlet and tide gates under base-flow
conditions. However, during storms, particulate cobalt became the main component of
the total cobalt influx. Therefore, the particulate cobalt can be regarded as a tracer of the
sediment transported from the upstream watershed. In most cases, particulate Co did not
appear at the tide gates except during the recession of an extreme storm. On the other
hand, the concentration of total Co at the inlet was about 100 ppt (1-2 nM), while that at
the tide gates fluctuated regularly with the tide, reaching a stable level of 700 ppt (~10
nM) at high tides, so the elevated concentration of Co could be regarded as a tracer of
tidal flushing sediment. Similar to the sediment mass balance calculation, after a detailed
calculation of the cobalt budget, the estuary effectively captured all the cobalt influx
under a relatively light storm. For another more intense precipitation event, the influx and
outflux of the entire system reached a numerical balance. Nevertheless, it is still believed
that all cobalt from upstream runoff was intercepted by the estuary system, while the
cobalt flowing out of the outlet was caused by the tidal exchange. Moreover, if cobalt
could be captured by this estuary, so would other strongly particle reactive metals like Pb.
To confirm this hypothesis, a mass balance of natural particle reactive radionuclides
(7Be) as a tracer for contaminant scavenging by settling sediment was examined. 7Be
input was found proportional to rainfall. It showed a downriver decline trend of 7Be
toward the river mouth downstream of a boundary point which segment the sandy and
muddy sedimentary texture in the estuary. The overall budget thus indicates, for this
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storm event, most of the 7Be (84%) enters the West River estuary from its watershed and
all of 7Be were retained within the West River estuary, besides 3% decay, only 1.5%
gained from the Long Island Sound through tidal flushing. More than 40% of the added
7

Be is deposited in the sediments of the estuary. which is proved a tight trap for 7Be and

probably other particle reactive substances as well. Co received from the watershed is
approximately equal to the net Co loss by the tidal exchange during the monitored tidal
cycle, indicating the West River estuary is not an effective trap for Co.
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